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ABSTRACT

Stream Salamander and Benthic Macroinvertebrate Community Responses to Imidacloprid
Exposure
Sara M. Crayton
In this study, I investigated whether the usage of a common insecticide for forest
conservation has non-target effects on stream organisms. Hemlock woolly adelgid (HWA;
Adelges tsugae) is an invasive insect that has caused wide-spread loss of hemlock trees in the
eastern United States. Imidacloprid is a neonicotinoid insecticide and is the most widely used
treatment to mitigate hemlock mortality from HWA infestations, but application of imidacloprid
can result in lethal and sublethal effects on non-target taxa. I assessed non-target effects of HWA
treatments using imidacloprid on benthic macroinvertebrates and stream salamanders in central
West Virginia.
In Chapter 1, I provide a literature review of the impact of HWA on forest systems and
known non-target effects of HWA treatments on benthic macroinvertebrates and amphibians. I
also review studies that investigated bioaccumulation of imidacloprid in amphibians and other
taxa.
In Chapter 2, I assess whether stream salamanders or benthic macroinvertebrates
bioaccumulate imidacloprid or imidacloprid metabolites through exposure to HWA treatments. I
also evaluate relationships between imidacloprid bioaccumulation and exposure and sublethal
effects in salamanders, including corticosterone hormone levels and body condition indices. Of
107 stream salamanders, 29 individuals had detectable levels of imidacloprid (n =14) and/or
imidacloprid-olefin (n = 19) in their tissues. Of 15 stream invertebrate samples, 15 had detectable
levels of imidacloprid and 13 had detectable levels of imidacloprid-urea in their tissues.
Corticosterone levels increased with increasing numbers of imidacloprid applications and body
condition decreased as water imidacloprid concentration increased. Our study demonstrates that
stream salamanders and invertebrates can bioaccumulate imidacloprid from HWA treatments and
imidacloprid exposure likely has sublethal effects on stream salamanders.
In Chapter 3, I evaluate whether abundances of five stream salamander species are
affected by imidacloprid presence. We surveyed stream salamanders 5–7 times at 48 sites, 27 of
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which were directly adjacent to HWA treatments. We used N-mixture models and a model
selection approach to identify important predictors of abundance for Desmognathus fuscus, D.
monticola, D. ochrophaeus, Eurycea spp., and Gyrinophilus porphyriticus. We identified
influential detection and habitat variables for each species and then tested models containing
imidacloprid predictors. For all species, there was support for models containing predictors of
imidacloprid exposure. Number of imidacloprid treatments and presence of environmental
imidacloprid had a negative relationship with Desmognathus spp. abundances, but we did not
detect negative effects of imidacloprid exposure on Eurycea spp. or G. porphyriticus.
In Chapter 4, I evaluate whether imidacloprid exposure affects benthic macroinvertebrate
communities in the Monongahela National Forest and two units of the National Park Service in
West Virginia. We sampled benthic macroinvertebrates from 47 sites, 26 of which were directly
adjacent to HWA treatments. We calculated seven benthic macroinvertebrate community metrics
and then compared those indices to four imidacloprid predictors with linear or beta regressions.
There was support for effects of imidacloprid exposure on all community metrics, and the
relationship between community metrics and imidacloprid differed by locality with GLIMPSS
and WVSCI being lower in the Monongahela National Forest in sites with imidacloprid
exposure. Additionally, we compared functional traits of benthic macroinvertebrate communities
to metrics of imidacloprid exposure. Functional traits analysis showed no significant differences
in community functional traits composition between sites with or without imidacloprid presence,
and with or without treated trees. Variation in functional traits was higher in sites in MNF with
environmental imidacloprid exposure, indicating that some functional traits may be lost from
streams with imidacloprid. We conclude that usage of imidacloprid is likely negatively
impacting benthic macroinvertebrate communities in MNF.
The goal of this thesis was to inform forest managers about potential non-target concerns
in stream organisms exposed to HWA treatments. We detected sublethal effects and population
effects in Desmognathus spp. and effects on benthic macroinvertebrate communities in MNF.
Overall, this study has demonstrated that stream organisms in West Virginia may be at risk from
HWA treatments.
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CHAPTER 1: INTRODUCTION AND LITERATURE REVIEW
1. Impact of hemlock woolly adelgid on hemlock forests
Eastern hemlock (Tsuga canadensis) is a long-lived, late-successional, and ecologically
important species that is the predominant species on approximately 931,000 hectares of land in
the United States (U.S.; Ellison et al. 2010, McWilliams and Schmidt 2000). Eastern hemlock
ranges from as far south as Northern Alabama and Georgia to southern Canada, and reaches its
western extent in Wisconsin (Havill et al. 2014). The less common Carolina hemlock (T.
caroliniana) is a relict species that exists in several pockets in the Southern U.S. (Havill et al.
2014, Ward et al. 2004). Although hemlocks have low economic value for their timber and pulp,
they are recognized for their ecological and aesthetic attributes (Havill et al. 2014). Eastern
hemlock is a foundation species in both urban and forested landscapes of the eastern U.S.
because it provides critical habitat for diverse plant and animal species (Becker et al. 2008,
Ellison 2014, Snyder et al. 2002, Tingley et al. 2002).
In the Appalachian Mountains, hemlocks typically grow near headwater streams and
greatly influence stream characteristics such as temperature, nutrient cycling, and the biotic
communities within the streams (Ellison et al. 2010, Havill et al. 2014). Hemlock-dominated
stands produce deep shade and slowly-decomposing litter, producing damp and cool
microclimates (Mathewson 2009). Hemlocks also photosynthesize and store carbon in the spring
and fall when deciduous trees are leafless, but fix less carbon and transpire 50% less water in the
summer than deciduous trees, which stabilizes soil moisture levels, stream base-flows, and
stream temperatures (Daley et al. 2007, Hadley and Schedlbauer 2002, Snyder et al. 2002).
These characteristics enable aquatic macroinvertebrate species that are intolerant of seasonal
drying to persist in streams within hemlock forests, resulting in high macroinvertebrate diversity
(Snyder et al. 2002). Several macroinvertebrate taxa show strong associations with hemlock
forests (Snyder et al. 2002). In addition, streams that drain hemlock forests often have unique
communities of birds, salamanders, fish, and macroinvertebrates (Becker et al. 2008, Mathewson
2009, Snyder et al. 2002, Tingley et al. 2002, Ward et al. 2004). Hemlock stands provide the
moist conditions that salamanders require for the deposition and development of eggs and for
cutaneous respiration (Harper and Guynn 1999, Petranka 1998).
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The most significant threat to eastern hemlock and Carolina hemlock is the non-native
insect hemlock woolly adelgid (HWA; Adelges tsugae) (Havill et al. 2014). HWA was first
reported in the eastern U.S. in 1951 in Virginia. This population originated from central Japan
where the insects feed on southern Japanese hemlocks (T. sieboldii) (Preisser et al. 2014), and
was likely introduced to the U.S. on live plant material imported from Japan (Havill et al. 2014).
HWA infests hemlock trees in Japan in high numbers without causing substantial injury or tree
mortality, likely due to host resistance, host tolerance, and natural enemies of HWA (Havill et al.
2014).
HWA presents an important and immediate threat to eastern hemlock populations and has
expanded to ca. 50% of the eastern hemlock’s range (Havill et al. 2014). The threat posed by
HWA led the International Union for Conservation of Nature (IUCN) to list eastern hemlock as
“Near Threatened” and place it on the Red List of Threatened Species (Farjon 2013). HWA
causes hemlock mortality by inducing a systemic hypersensitive response in the hemlock tree
which causes localized cell death in the tree and dieback of branches (Havill et al. 2014, Radville
et al. 2011). Hemlock mortality occurs more rapidly in the southern U.S. because warmer winter
air temperatures can support larger HWA populations (Ellison et al. 2010, Ford et al. 2012). In
one study in Connecticut, 80% of hemlock mortality occurred 15 years after infestation (Small et
al. 2005), while in North Carolina, 80% mortality occurred six years after infestation (Ford et al.
2012). Hemlock generally does not repopulate after HWA-induced death and is instead replaced
by hardwood species such as birches (Betula spp.), oaks (Quercus spp.) and maples (Acer spp.,
Orwig et al. 2002). The loss of hemlock trees throughout the eastern U.S. is expected to cause
considerable changes to those ecosystems’ functions (Orwig et al. 2008).

2. Imidacloprid treatment of HWA
Early treatment of HWA infestations used foliar insecticides, but this approach was
replaced in the early 1990s by neonicotinoids because foliar insecticides required frequent reapplication and applications that drenched the foliage (Havill et al. 2014). Neonicotinoids are
synthetic derivatives of nicotine which kill insects by acting on their central nervous system and
antagonizing the nicotinic acetylcholine receptors (nAChR) (Matsuda et al. 2001, Yamamoto
1999). Neonicotinoids have a greater binding affinity to the nAChR in insect brains than in
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mammalian brains, which makes neonicotinoids more toxic to insects than to mammals
(Yamamoto 1999).
There are seven commercially available neonicotinoid compounds (imidacloprid,
clothianidin, thiamethoxam, acetamiprid, dinotefuran, thiacloprid, and nitenpyram), of which
imidacloprid is the most commonly applied (Elbert et al. 2008). Imidacloprid is a systemic,
chloro-nicotinyl insecticide first synthesized in 1985 (Elbert et al. 1998), registered for use in the
U.S. in 1994 (Cox 2001), and has become one of the most commonly used insecticides in the
world (van Dijk et al. 2013). Imidacloprid is an ingredient in over 400 products and one-fifth of
insecticides sold worldwide (Elbert et al. 2008). This pesticide has a wide range of uses,
including treating fleas and ticks on domestic animals, controlling termites, and protecting crops
from insect pests (Gervais et al. 2010).
Hemlocks are treated with imidacloprid through soil and trunk injections, which control
HWA infestations within 1–3 months of application (Havill et al. 2014). Soil injections provide
better long-term control of HWA but the risk of leaching imidacloprid from the soil is high. In
general, the volume of applied insecticide which reaches its intended target is much smaller than
the volume which is released into the environment (Warnhoff and Schneider 1999). Trunk
injections reduce the risk of imidacloprid spreading into the surrounding environment, but may
only provide protection for HWA for several months (Ward 2004), making re-application
necessary for long-term control. Currently, chemical treatments are the most effective method of
controlling HWA, although other control options are also being explored, including biological
controls such as the predator Laricobius nigrinus (Zilahi-Balogh et al. 2003), silvicultural
thinning (Fajvan 2008), and propagating hemlock trees that are putatively resistant to HWA
(Caswell et al. 2008).

3. Leaching of imidacloprid into aquatic systems
Three previous studies have quantified imidacloprid concentrations in streams associated
with HWA treatments. Less than 1.0 ng/mL of imidacloprid was detected in a stream in
Chattahoochee National Forest 720 days after imidacloprid application; no imidacloprid was
detected in three other treatment streams (Churchel et al. 2011). Imidacloprid concentrations
ranging from 0.053–0.833 ng/mL were detected in three streams adjacent to HWA treatment
areas in Big South Fork National River and Recreational Area during a rain event (4.7 cm/24
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hours) that occurred 184 to 196 days after imidacloprid application, but imidacloprid was not
detected in water samples which were collected every month prior to the rain event and for ca. 7
months after the rain event (Wiggins et al. 2018). In the Great Smoky Mountains National Park,
water samples were collected 10–100 m downstream of treated areas and 10-100 m upstream of
treated areas that each contained 100–1000 hemlock trees treated 1–8 years prior to the study.
The samples were analyzed for concentrations of imidacloprid and two of its metabolites (olefin
and 5-hydroxy). Imidacloprid was detected in 7 of 10 downstream locations with concentrations
ranging from 0.0285–0.3791 ng/mL but in no upstream locations. All samples were below limit
of detection (LOD) for olefin and 5-hydroxy. Concentration of imidacloprid was highly
correlated with amount of imidacloprid applied to the treatment area (Benton et al. 2015).
Several characteristics of imidacloprid make it more susceptible to leaching into ground
or surface water than many other pesticides. Imidacloprid’s high water solubility allows for
leaching into groundwater and streams (US EPA 2003). Imidacloprid also has low volatility and
a low soil organic water partition coefficient, which is the ratio of the mass of the chemical
adsorbed in the soil to the mass of organic carbon in the soil (Ding et al. 2011). These
characteristics, in conjunction with the general proximity of hemlock forests to riparian areas,
increase the risk of imidacloprid leaching into stream systems (Ding et al. 2011). Imidacloprid is
more likely to leach in areas with low organic matter in the soil because it has a high organic
binding capacity (Anhalt et al. 2008). Most forests have large quantities of organic matter in the
soil, but it is possible that the high doses of imidacloprid applied to the trees saturate the local
binding capacity (Anhalt et al. 2008). Imidacloprid in surface water degrades when exposed to
sunlight into several photoproducts (Ding et al. 2011), a process known as aqueous photolysis
(Colombo et al. 2013), but continual leaching into stream systems may maintain imidacloprid
presence in stream systems near treated hemlocks (Benton et al. 2016). Imidacloprid is more
likely to leach during rain events (Churchel et al. 2011, Cowles et al. 2009, McGrath et al. 2010).
Another route for imidacloprid to enter aquatic systems and negatively impact stream fauna is
through the leaves of imidacloprid treated trees falling into streams (Kreutzweiser et al., 2008).
Imidacloprid and its metabolites (olefin, 5-hydroxy and dihydroxy) can be detected in hemlock
foliage for up to seven years after treatment with a soil drench (Benton et al. 2015). To our
knowledge, no studies have directly investigated the persistence of imidacloprid in stream
sediment.
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4. Ecological consequences of imidacloprid treatment on benthic macroinvertebrates
Several field studies have been conducted to assess whether benthic macroinvertebrates
are at risk from HWA treatments. In Great Smoky Mountains National Park, aquatic
communities in 9 streams exposed to HWA treatments were compared to upstream reaches
without HWA treatment and to pre-treatment data (Benton et al. 2017). Community diversity
metrics did not differ between the control and treatment streams or between the pre- and posttreatment data and groups had similar functional feeding groups and life habits (Benton et al.
2017). A study in the Southern Appalachian Mountains surveyed four streams pre- and posttreatment and a reference stream and did not detect differences in community metrics due to
imidacloprid exposure (Churchel et al. 2011). These results should be interpreted cautiously
because soils at these study sites do not easily leach imidacloprid and imidacloprid was not
detected in most study streams (Churchel et al. 2011). An unpublished field study (Devine 2015)
conducted in the Monongahela National Forest (MNF) in West Virginia in 2011 compared
macroinvertebrates collected upstream and downstream of HWA treatment areas. This study
found a weak negative correlation between the amount of imidacloprid applied and the relative
abundance of benthic macroinvertebrates. Additionally, this study found that population diversity
was significantly lower and there were fewer sensitive taxa in treatment streams (Devine 2015).
An additional study conducted in the Netherlands investigated aquatic macroinvertebrate
abundances in surface water containing imidacloprid (Van Dijk 2013). Aquatic
macroinvertebrate abundance was significantly lower in surface water with higher imidacloprid
concentrations for the orders Amphipoda (crustaceans), Diptera (true flies), Ephemeroptera
(mayflies), Isopoda (crustaceans) and Basommatophora (snails) (Van Dijk 2013).
Numerous laboratory and microcosm studies have demonstrated negative impacts of
imidacloprid on benthic macroinvertebrates. Imidacloprid has been shown to cause substantial
mortality at 50 µg/mL, and feeding inhibition at 12 µg/mL in stonefly (Pteronarcys dorsata)
nymphs and cranefly (Tipula sp.) larvae (Kreutzweiser et al. 2008). Foraging activity was
impaired in mayflies at concentrations of >0.5 µg/mL and immobility in oligochaetes was
observed at 5 µg/mL (Alexander et al. 2007). In a microcosm study in which macroinvertebrates
were fed imidacloprid-treated maple leaves, macroinvertebrate feeding was inhibited by
exposure to imidacloprid concentrations of 1300 mg/L (Kreutzweiser et al., 2009). Pulses of low
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concentrations of imidacloprid led to decreases in survival and emergence of Ephemeroptera,
Tanypodinae, and Orthocladiinae, and an increase in the survival of Radix spp., which is a nonsensitive genus of snail (Columbo et al 2013). This decline occurred despite imidacloprid
undergoing aqueous photolysis (Colombo et al. 2013), which is the process in which
imidacloprid degrades in sunlight into several photoproducts (Ding et al. 2011). Pulses of
imidacloprid treatments in outdoor stream mesocosms to imitate runoff that occurs during rain
events caused significant declines in benthic macroinvertebrate abundances and community
diversity (Pestana et al. 2009).
Downstream drift of macroinvertebrates is a well-documented reaction to environmental
disturbances in which stressors such as toxicants cause invertebrates to become dislodged and
move downstream (Beketov and Liess 2008). Imidacloprid triggered downstream drift in a
stream microcosm at concentrations which did not cause significant mortality of
macroinvertebrates (Beketov and Liess 2008). Interestingly, drift of invertebrates began within
only 2 hours of imidacloprid exposure (Beketov and Liess 2008). Similarly, Berghahn et al.
(2012) exposed Ephemeroptera larvae, Diptera larvae, and Gammaridae larvae and adults to 3
pulses of imidacloprid in indoor stream mesocosms. The addition of imidacloprid to the
mesocosm led to immediate increases in drift in all taxa (Berghahn et al. 2012).

5. Observed and potential impacts of imidacloprid exposure on amphibians
North America is a global hotspot for salamander diversity (Yap et al. 2015), and
salamanders are particularly abundant in the Appalachian Mountains (Petranka and Murray
2001). One study in the southern Appalachians estimated that salamander density in riparian
habitat was 1.8/m2 , which made them the dominant forest predator (Petranka and Murray 2001).
However, salamanders, like all amphibian orders, are declining globally. West Virginia has 34
species of salamander, 14 of which are considered to be rare, threatened, or endangered within
the state, and 6 of which are considered dependent on headwater streams (WV DNR 2017).
In headwater streams, salamanders are often the dominant vertebrates in terms of
abundance and biomass (Burton and Likens 1975, Davic and Welsh 2004). Loss of salamander
populations from headwater streams can have ecosystem-wide consequences because
salamanders can influence insect population dynamics, regulate detritus food webs, and link
stream and terrestrial food webs (Petranka 1998). Thus, salamander occupancy and abundance
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can serve as an indicator of stream quality (Southerland et al. 2004) and ecosystem stress (Lowe
and Bolger 2002, Welsh and Ollivier 1998, Wood and Williams 2013).
Although imidacloprid is generally not lethal to adult vertebrates at levels typically found
in the environment, studies have found a variety of sublethal impacts to mammals, birds, fish,
and frogs, including impacts on reproduction and growth (reviewed by Gibbons et al. 2015).
Feng et al. (2004) demonstrated that imidacloprid is genotoxic to the black-spotted pond frog
(Pelophylax nigromaculatus) with DNA damage increasing as aquatic concentrations increased.
Similarly, imidacloprid exposure led to DNA lesions in Montevideo tree frog (Hypsiboas
pulchellus) tadpoles, although this effect was only displayed at concentrations higher than typical
field conditions (Pérez-Iglesias et al. 2014). Imidacloprid exposure also decreased survival rates
in northern cricket frogs (Acris crepitans) (Ade et al. 2010).
Aquatic salamanders could encounter imidacloprid from ingested invertebrate prey, as
well as from direct uptake through their highly permeable skin (Gibbons et al. 2015). Previous
studies have not yet evaluated the impact imidacloprid has on wild salamander abundances or
whether imidacloprid can have sublethal impacts on salamanders.

6. Imidacloprid uptake and bioaccumulation
No previous research has assessed whether salamanders can bio-accumulate
imidacloprid, potentially resulting in high concentrations that could have sublethal or lethal
effects, and making the chemical available for ingestion by vertebrates that consume
salamanders. Several studies have investigated storage and bioaccumulation of imidacloprid in
other amphibians. Measurable levels of imidacloprid were detected with liquid
chromatography/mass spectrometry (LC/MS) in northern cricket frog, eastern narrowmouth toad
(Gastrophryne carolinensis), barking trees frog (Hyla gratiosa), and southern leopard frog
(Lithobates sphenocephala) tissues after eight hours of exposure in a laboratory (Glinski et al.
2018, Van Meter et al. 2014, Van Meter et al. 2015).
Several studies have quantified bioaccumulation of imidacloprid in other taxa. The
aquatic oligochaete Lumbriculus variegatus is commonly used for evaluating toxicity of
freshwater contaminants and was found to biomagnify imidacloprid. Worms exposed to higher
concentrations of imidacloprid presented higher levels of imidacloprid in whole body tissues
(Sardo and Soares 2010). Imidacloprid concentrations were higher in the liver, gills, gut, and
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muscle of the freshwater fish Australoheros facetus after 48 vs 24 hours of exposure, and
imidacloprid was also detected in the blood and brain (Iturburu et al. 2016). A recent study
conducted in areas of high-neonicotinoid application in Texas found that 12% of bobwhite quail
had detectable levels of neonicotinoid compounds in the liver, including imidacloprid,
acetamiprid, clothianidin, and thiamethoxam (Ertl et al. 2018). All detections were below the
limit of quantification, but 20% of birds displayed tissue degeneration in the liver and testicles
(Ertl et al. 2018) which are known secondary targets of neonicotinoids (Yamamoto 1999).
However, only one bird with detectable levels of neonicotinoids in the liver also exhibited
neonicotinoid-induced tissue damage, suggesting that neonicotinoids may be rapidly metabolized
in vivo in birds (Ertl et al. 2018). To our knowledge, no studies have investigated whether
benthic macroinvertebrates or crayfish bioaccumulate imidacloprid.
7. Study Area

Hemlock trees represent an important natural resource in West Virginia, where they
comprise 1% of forests statewide and are key components to many of the state’s tourist
attractions (Kish 2007). This study was conducted in the Monongahela National Forest (MNF)
and two units of the National Park Service (NPS): Gauley River National Recreational Area
(GARI) and New River Gorge National River (NERI) in West Virginia, USA (Figure 1).
Hemlock stands in the MNF were treated with a single application of imidacloprid in 2014 or
2015. In NPS units, applications of imidacloprid began in 2006 and re-treatments have occurred
annually within the NPS units. Sites in NPS have been treated 1–7 times since 2006 (Table 1-1).
8. Research goals and summary of chapters
In aquatic ecosystems, environmental stress typically is first detected at the population
level and impacts sensitive species first (Odum 1992). The goal of this research is to use the
abundance and diversity of benthic macroinvertebrates and stream salamanders as indicators for
the integrity of stream systems. The results of this project will either confirm that the current
imidacloprid treatment strategy has minimal non-target impacts, or will inform forest managers
that changes in imidacloprid usage may be necessary to minimize environmental impacts. The
study will also have broad-scale value, as many agencies use imidacloprid to control a variety of
additional insect pests (e.g., emerald ash borer [Agrilus planipennis]; Smitley et al. 2015), and
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because imidacloprid has become a major pesticide for agricultural use (Elbert et al. 2008,
Gervais et al. 2010). The specific goals for this thesis are to (1) quantify the concentration of
imidacloprid and two of its metabolites (imidacloprid-urea and imidacloprid-olefin) present in
stream water and compare these concentrations to hemlock treatment histories; (2) assess the
presence/absence of imidacloprid, imidacloprid-urea, and imidacloprid-olefin in stream
sediment; (3) compare the concentrations of imidacloprid, imidacloprid-olefin, and imidaclopridurea in stream water with the abundance and health (i.e., body condition) of stream salamanders
and community metrics of benthic macroinvertebrate taxa; and (4) investigate whether
imidacloprid, imidacloprid-olefin, or imidacloprid-urea are bioaccumulating in stream
salamanders and benthic macroinvertebrates.
In the second chapter, I investigate whether stream salamanders and benthic
macroinvertebrates bioaccumulate imidacloprid or its metabolites and whether these
concentrations are correlated with environmental concentrations of imidacloprid. I also
investigate whether imidacloprid exposure and bioaccumulation induce sublethal effects in
salamanders, such as changes to the stress hormone corticosterone or body condition.
In the third chapter, I compare the abundances of five stream salamander species to
multiple measurements of imidacloprid exposure including the concentration of imidacloprid
detected in the water and the presence of environmental imidacloprid.
In the fourth chapter, I compare benthic macroinvertebrate metrics, including Genus
Level Index of Most Probably Stream Status (GLIMPSS) and West Virginia Stream Condition
Index (WVSCI) to four imidacloprid predictors. I also compare functional traits of benthic
macroinvertebrates to the presence of environmental imidacloprid and presence of treated trees.
Eastern hemlocks will continue to decline due to HWA infestation, forcing forest
managers to make decisions between the positive impacts of imidacloprid treatment and the
effects on non-target species exposed to imidacloprid. The results of this thesis will add to a
growing body of literature investigating the influence of HWA treatment and use of
neonicotinoid insecticides on non-target species.
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Figure 1-1. Locations of 48 sampled streams within the Monongahela National Forest, New
River Gorge National River, and Gauley River National Recreation Area in West Virginia
(inset), USA.
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Table 1-1. Summary of study sites in New River Gorge National River (NERI), Gauley River National Recreational Area (GARI), and
Monongahela National Forest (MNF) in West Virginia, USA, and detection of imidacloprid, imidacloprid-urea, and imidaclopridolefin in stream water, sediment, invertebrates, and salamanders. We did not detect imidacloprid-urea in water, imidacloprid-urea or
imidacloprid-olefin in sediment, imidacloprid-olefin in invertebrates, or imidacloprid-urea in salamanders. NT= not tested.
Imidacloprid
in water
(ng/mL)

Imidaclopridolefin in
water
(ng/mL)

Imidacloprid
in sediment

Imidacloprid
in
invertebrates
(ng/mL)

Imidaclopridurea in
invertebrates
(ng/mL)

Mean
Imidacloprid
in
salamanders
(ng/mL)

Mean
Imidaclopridolefin in
salamanders
(ng/mL)

Locality

Latitude

Longitude

#
Imidacloprid
Applications

1

NERI

38.0724

-81.07799

0

0

0

NT

absent

NT

NT

NT

NT

2

NERI

38.0757

-81.07781

149

3

11.28

NT

absent

35.67

34.72

0

11.61

3

NERI

38.0829

-81.07841

17

1

0

NT

absent

NT

NT

0

4.94

4

NERI

38.0757

-81.07781

138

2

121.43

NT

present

31.64

41.89

31.8

9.47

5

GARI

38.2108

-80.93223

0

0

0

NT

absent

NT

NT

NT

NT

6

GARI

38.2007

-80.93565

214

3

17.38

NT

absent

14.66

50.81

22.57

6.7

7

MNF

38.3318

-80.12669

5

1

20.21

0

absent

NT

NT

NT

NT

8

MNF

38.3325

-80.12062

66

1

0

0

absent

NT

NT

NT

NT

9

GARI

38.1885

-80.97104

0

0

0

NT

present

NT

NT

15.97

8.26

10

GARI

38.1968

-80.95945

494

3

61.54

NT

present

NT

NT

21.5

7.38

11

NERI

38.0673

-81.07002

0

0

0

NT

absent

NT

NT

6.36

6.32

12

NERI

38.065

-81.07016

76

1

12.79

NT

absent

25.17

57.74

NT

NT

13

NERI

38.0633

-81.05567

0

0

0

NT

absent

NT

NT

NT

NT

14

NERI

38.0622

-81.05681

3993

7

0

NT

absent

23.82

34.2

NT

NT

15

GARI

38.2286

-81.05421

0

0

0

NT

absent

NT

NT

NT

NT

16

GARI

38.227

-81.05398

23

1

6.52

NT

absent

NT

NT

0

9.45

17

MNF

38.3003

-80.51005

0

0

0

0

absent

NT

NT

NT

NT

Site

# Years
Treated

17

18

MNF

38.3057

-80.52673

52

1

0

0

absent

35.55

119.35

NT

NT

19

MNF

38.7583

-79.70806

5

1

0

0

absent

NT

NT

NT

NT

20

MNF

38.7698

-79.70422

60

1

23.59

40.67

absent

25.69

146.93

NT

NT

21

MNF

38.8196

-79.70385

0

0

0

0

absent

NT

NT

NT

NT

22

MNF

38.8245

-79.70469

60

1

82.46

0

present

68.38

19.96

NT

NT

23

MNF

38.3943

-80.13086

0

0

0

0

absent

NT

NT

NT

NT

24

MNF

38.3889

-80.13067

120

1

32.73

0

absent

14.05

81.66

NT

NT

25

MNF

38.3946

-80.13295

0

0

22.1

0

absent

NT

NT

NT

NT

26

MNF

38.3883

-80.13607

82

1

13.81

0

absent

15.7

201.44

NT

NT

27

MNF

38.8895

-79.62868

0

0

0

0

present

NT

NT

NT

NT

28

MNF

38.8893

-79.63266

60

1

17.15

0

absent

38.51

77.6

NT

NT

29

NERI

38.0417

-81.06611

0

0

10.68

NT

absent

NT

NT

NT

NT

30

NERI

38.0443

-81.06623

169

3

0

NT

absent

NT

NT

NT

NT

31

GARI

38.2239

-81.03972

0

0

0

NT

absent

NT

NT

0

10.97

32

GARI

38.2247

-81.04007

675

4

39.85

NT

absent

22.17

78.92

33.81

7.22

33

MNF

38.2706

-80.52364

0

0

0

0

absent

NT

NT

NT

NT

34

MNF

38.2749

-80.52707

34

1

0

0

absent

18.87

179.27

NT

NT

35

MNF

38.6536

-79.73735

0

0

0

0

absent

NT

NT

NT

NT

36

MNF

38.6331

-79.75985

56

1

16.43

0

absent

NT

NT

NT

NT

37

MNF

38.6533

-79.73853

0

0

0

0

absent

NT

NT

NT

NT

38

MNF

38.6237

-79.78591

47

1

13.28

0

absent

13.5

0

NT

NT

39

NERI

38.0598

-81.04568

0

0

12.01

NT

absent

NT

NT

NT

NT
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40

NERI

38.0591

-81.04772

42

2

15.68

NT

absent

12.05

123.6

NT

NT

41

NERI

37.7862

-81.00425

0

0

10.93

NT

present

NT

NT

NT

NT

42

NERI

37.7854

-81.00735

762

2

20.31

NT

absent

NT

NT

NT

NT

43

GARI

38.2109

-80.89195

0

0

8.12

NT

absent

NT

NT

NT

NT

44

GARI

38.2113

-80.8906

237

2

489.55

NT

present

NT

NT

NT

NT

45

MNF

38.9606

-79.60808

0

0

0

0

absent

NT

NT

NT

NT

46

MNF

38.9685

-79.60256

60

1

0

0

absent

NT

NT

NT

NT

47

MNF

38.7381

-79.75739

0

0

0

0

absent

NT

NT

NT

NT

48

MNF

38.7318

-7.76892

120

1

116.04

5.11

present

NT

NT

NT

NT
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CHAPTER 2: BIOACCUMULATION OF THE PESTICIDE IMIDACLOPRID IN
STREAM ORGANISMS AND SUBLETHAL EFFECTS ON SALAMANDERS
ABSTRACT
The insecticide imidacloprid is widely used to mitigate hemlock (Tsuga spp.) mortality resulting
from the invasive hemlock woolly adelgid (HWA; Adelges tsugae), but evidence suggests that
imidacloprid can have negative impacts on adjacent stream systems. Laboratory studies have
shown that imidacloprid bioaccumulates in anurans and spotted salamanders and causes
sublethal effects, but no studies have investigated whether salamanders or invertebrates in
streams adjacent to HWA treatments can bioaccumulate imidacloprid. We collected
Desmognathus spp. from seven streams directly adjacent to HWA treatments and four streams
not adjacent to HWA treatments in West Virginia. We also collected benthic invertebrates from
15 streams adjacent to HWA treatments. We assessed the effect of imidacloprid exposure and
imidacloprid bioaccumulation on levels of the stress hormone, corticosterone, and body
condition indices (BCI). Of 107 tested salamanders, we detected imidacloprid bioaccumulation
in the tissues of 14 Desmognathus spp. and the metabolite imidacloprid-olefin in the tissues of 19
Desmognathus spp. for a total of 29 individuals with one or both chemicals. Of 15 tested benthic
invertebrate samples, we detected imidacloprid bioaccumulation in 15 samples and imidaclopridurea in 13 samples. The top model for corticosterone included additive effects of species, sex,
and number of imidacloprid applications in adjacent treated stands, and corticosterone levels
increased with an increasing number of imidacloprid applications adjacent to the stream. The top
model for BCI contained concentration of imidacloprid in stream water as a predictor, and BCI
decreased with increasing imidacloprid concentration. This study provides strong evidence that
salamanders and stream invertebrates bioaccumulate imidacloprid which leaches from HWA
treatments and that imidacloprid is associated with sublethal effects in salamanders.

1. INTRODUCTION
Eastern hemlock (Tsuga canadensis) and Carolina hemlock (T. caroliniana) are
ecologically important tree species in eastern North America that provide unique microhabitat
conditions used by diverse invertebrate and vertebrate taxa (Becker et al. 2008, Ellison 2014,
Snyder et al. 2002, Tingley et al. 2002). Hemlock trees exert a strong influence on the abiotic
environment by creating deep shade that reduces ground and stream temperatures, and by
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producing litter with a slow rate of decomposition, which stabilizes soil moisture levels (Daley et
al. 2007, Hadley and Schedlbauer 2002, Mathewson 2009, Snyder et al. 2002). Hemlock
populations are currently being impacted by the non-native insect hemlock woolly adelgid
(HWA; Adelges tsugae), which has spread to ca. 50% of the geographic distribution of Eastern
hemlock (Havill et al. 2014). In response to substantial mortality observed in infested hemlock
stands (e.g., Krapfl et al. 2011), HWA control programs have been widely implemented on
public lands in the United States (Vose et al. 2013). The most common and effective method of
preventing HWA-induced tree death is application of the neonicotinic insecticide imidacloprid
(Webb et al. 2003). Although neonicotinoids are highly selective for insect nicotinic
acetylcholine receptors (nAChR), many studies have documented effects to health and survival
of vertebrates exposed to this class of insecticides (Gibbons et al. 2015, Hallman et al. 2014,
Matsuda et al. 2001, Yamamoto 1999). Imidacloprid is generally not lethal to adult vertebrates at
concentrations typically found in the environment, but studies have found a variety of sublethal
effects to mammals, birds, fish, and frogs, including effects on reproduction and growth
(reviewed by Gibbons et al. 2015).
North America is a global hotspot for salamander diversity (Yap et al. 2015), particularly
the Appalachian Mountains in the eastern United States (Petranka and Murray 2001). In
headwater streams, salamanders are often the dominant vertebrates in terms of abundance and
biomass (Burton and Likens 1975, Davic and Welsh 2004). Several studies have shown that
imidacloprid can leach from HWA treatments into adjacent streams (Benton et al. 2017,
Churchel et al. 2011, Wiggins et al. 2018), thus potentially exposing stream salamanders to the
insecticide. Research investigating the physiological and ecological consequences of
imidacloprid on salamanders is lacking, but in anurans, exposure to imidacloprid can cause DNA
damage and increased mortality rates (Ade et al. 2010, Feng et al. 2004, Pérez-Iglesias et al.
2014). Additionally, laboratory studies have documented sublethal and lethal effects of
imidacloprid exposure on benthic macroinvertebrates (Alexander et al. 2007, Columbo et al.
2013, Kreutzweiser et al. 2008, Kreutzweiser et al. 2009), which are a major food resource for
stream salamanders (Petranka 1998).
One potential result of exposure to imidacloprid is bioaccumulation of the pesticide. In a
concurrent study, we found that terrestrial spotted salamanders (Ambystoma maculatum) are
capable of uptaking imidacloprid dermally through exposure to contaminated soil, and that
21

exposure time and concentration were associated with reduced body condition and prey
consumption (Appendix 2-1). Measurable levels of imidacloprid were detected in northern
cricket frog (Acris crepitans), eastern narrowmouth toad (Gastrophryne carolinensis), barking
tree frog (Hyla gratiosa), and southern leopard frog (Lithobates sphenocephala) tissues after 8
hours of exposure to imidacloprid in a laboratory (Glinski et al. 2018, Van Meter et al. 2014,
Van Meter et al. 2015). To our knowledge, no studies have investigated whether HWA control
programs are resulting in imidacloprid bioaccumulation in stream salamanders. Additionally,
stream salamanders prey on crayfish and benthic macroinvertebrates (reviewed by Petranka
1998), and thus bioaccumulation of imidacloprid in stream invertebrates is a potential route of
pesticide exposure for salamanders and other vertebrates.
Sublethal effects of environmental stressors have been associated with hormone level
changes in amphibians, particularly the hormone corticosterone. Corticosterone is a
glucocorticoid hormone produced by the hypothalamus-pituitary-interrenal (HPI) axis that is
associated with reproduction, development, growth, and stress in amphibians (Romero et al.
2004). Corticosterone enables an animal to maintain allostasis when exposed to a stressor by
increasing available energy or causing behavioral changes (McEwen and Wingfield 2003). Longterm elevation of corticosterone levels induced by chronic stressors can have negative effects,
including suppression of the immune system and growth (Romero et al. 2004). Multiple studies
have documented increases in corticosterone levels in salamanders due to environmental
stressors such as competition for habitat (Cooperman et al. 2004), increased temperature
(Novarro et al. 2018), low moisture (Charbonnier et al. 2018), higher acidity (Chambers et al.
2013), and vernal pool size (Millikin et al. 2019). Similar associations were found in anurans
where corticosterone was elevated in environments with limited food (Glennemeier and Denver
2002), higher anthropogenic disturbance like traffic noise (Troïanowski et al 2017), and presence
of environmental contaminants (Hopkins et al. 1997).
In addition to influencing hormone levels, exposure to contaminants can negatively
impact the size, growth rate, and body condition of individuals. For example, exposure to the
herbicide atrazine was associated with smaller sizes and lower weights in Tiger Salamander
(Ambystoma tigrinum) larvae (Larson et al. 1998), reduced Cuban tree frog (Osteopilus
septentrionalis) tadpole snout-vent length (SVL) and mass (Gabor et al. 2018), and decreased
growth rate in Southern Leopard Frogs (Lithobates sphenocephala; Adelizzi 2019). Negative
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effects on the health of individuals can ultimately result in population-level declines if they affect
growth, reproduction, or survival rates (Hayes et al. 2010, Willson et al. 2012).
The purpose of this study was to determine if salamanders inhabiting streams adjacent to
HWA treatments are bioaccumulating imidacloprid, and if there are detectable sublethal effects
on individuals. In addition, we assessed bioaccumulation of imidacloprid and its metabolites in
benthic macroinvertebrates at a subset of the study sites. We used corticosterone levels and body
condition indices (BCI) to assess sublethal effects and tested whether they are correlated with
imidacloprid concentration in salamander tissues and stream water at the time of sampling. We
hypothesized that salamanders in streams with imidacloprid would have the chemical in their
body, and that salamander imidacloprid concentration would be positively correlated with
environmental concentration. We also hypothesized that salamanders with higher levels of
imidacloprid in their tissues and salamanders collected from streams with higher imidacloprid
concentrations would have higher levels of corticosterone and lower BCI scores, indicative of
sublethal effects from imidacloprid exposure.

2. METHODS
2.1. Study Sites
This study was conducted in the Monongahela National Forest (MNF) and two units of the
National Park Service (NPS): Gauley River National Recreational Area (GARI) and New River
Gorge National River (NERI) in West Virginia, USA (Fig. 2-1). Hemlock stands in the MNF
were treated with a single application of imidacloprid in 2014 or 2015. Hemlock stand treatments
in NPS units began in 2006 and have continued annually, including repeated applications at 10 of
the sampling locations. We did not select NPS treatment sites if the last treatment occurred prior
to 2011. We used ArcGIS 10.4 to identify candidate streams based on proximity to HWA
treatments. Candidate streams were visited to determine whether the stream depth, stream
substrate, and water flow speeds were suitable for sampling salamanders and stream
invertebrates. Final study sites were selected based on the suitability of the streams for sampling,
the proximity of treated trees, or the absence of known treatments for non-impacted sites. Sites
adjacent to HWA treatments had on average 306 ± 158.7 occurrences of imidacloprid
applications (range = 5–3993 applications), with applications representing individual tree
treatments.
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We sampled headwater streams for stream salamanders in 24 sites in MNF, 14 sites in
NERI, and ten sites in GARI. Of these 48 sites, 27 were directly adjacent to HWA treatments and
21 were not adjacent to HWA treatments. Sites that were not adjacent to HWA treatments were
either a minimum of 100 m upstream of imidacloprid application or were in a watershed without
known HWA treatments. We selected 100 m as a minimum distance because Benton et al.
(2015) did not detect imidacloprid in stream sites that were 10–100 m upstream of treated trees,
and because Desmognathus spp. typically have home ranges smaller than 100 m (reviewed by
Petranka 1998).
We collected and euthanized adult individuals of the salamander genus Desmognathus to
quantify imidacloprid bioaccumulation and corticosterone levels from 11 of the 48 sampled sites,
including seven sites in GARI and four sites in NERI. For salamander collection, we selected
sites that had high densities of large adult seal salamanders (D. monticola) and northern dusky
salamanders (D. fuscus). Seven sites that were sampled for stream salamanders were directly
adjacent to HWA treatments and four were not. For this subset of sites, sites adjacent to HWA
treatments had an average of 244.3 ± 93.8 occurrences of imidacloprid application (range = 17–
675 applications).
We also sampled benthic macroinvertebrates from 15 of the 48 sites used for salamander
sampling. This subset of sites was comprised of five sites in NERI, two sites in GARI, and eight
sites in MNF. For benthic macroinvertebrate collection, we selected sites with abundant riffles.
All sites that were sampled for benthic macroinvertebrates were adjacent to HWA treatments.

2.2 Water and Sediment Sampling
We collected two liters of water from each stream in 1 L plastic bottles (Thermo
Scientific Nalgene™ labware, Rochester, NY) without disturbing the stream sediment. Stream
sediment was collected from the bottom of the stream using a trowel and enough sediment was
collected to fill one quart-sized plastic bag. If the stream bottom did not have any sediment, we
collected sediment from the sides of the stream bank. The trowel was wiped with 70% ethanol
between each use to prevent contamination. The bottles of water and bags of sediment were
placed in black bags and a backpack to prevent light exposure from metabolizing imidacloprid
until the samples could be placed in a cooler with ice. The samples were stored at 4°C from the
day of collection until extraction procedures began.
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2.3 Water and Sediment Imidacloprid Extraction and Quantification
We adapted water and sediment extraction procedures from Baskaran et al. (1997). We
filtered 1 L of water from each site through 0.22-µm filters. We then filtered the water samples
through pre-conditioned C18 solid-phase extraction (SPE) cartridges on a vacuum manifold. We
eluted the imidacloprid from the cartridges with 5 mL acetone into 15-mL glass test tubes and
dried the eluent under nitrogen at 100°C and reconstituted the residue in 0.5 mL of acetonitrile.
We then filtered the reconstituted samples through 0.20-µm filters into liquid chromatography
(LC) vials.
We dried sediment samples at 100°C for 3 days in an oven before crushing and sieving
the samples. We then weighed the sediment samples to 30 g, added 100 mL of deionized (DI)
water, and stirred for 1 min. We sonicated the samples for 15 min at room temperature and
filtered the samples through cheese cloth and a 0.22-µm filter. We completed the process of
adding DI water and filtering twice before adjusting the final sample volume to 250 mL with DI
water. We transferred the extract to a separatory funnel and added 25 mL of chloroform. We
mixed the solution vigorously and extracted the chloroform layer through anhydrous sodium
sulfate. We repeated this process twice before drying the solution under nitrogen at 100°C and
reconstituting the residue in 0.5 mL of acetonitrile. We filtered the reconstituted samples through
pre-conditioned florisil cartridges, eluted the imidacloprid using 5 mL of acetonitrile, and dried
the eluent under nitrogen at 100°C. We reconstituted the residue in 0.5 mL of acetonitrile and
filtered the reconstituted samples through 0.20 µm filters into LC vials
We quantified the concentration of imidacloprid in the stream sediment and water using
ultra-performance liquid chromatography-tandem mass spectrometry ([UP] LC-MS/MS). We
adapted the chromatographic and mass spectrometry conditions from Galeano et al. (2013). We
used the Exion LC AD UHPLC system coupled with AB Sciex Qtrap 5500 triple quadrupole
AcQuRate CEM detector. We separated the compounds imidacloprid, imidacloprid-urea, and
imidacloprid-olefin and external standards on a Kromasil C-18 (M05CLD05) column (2.1 x 50
mm) maintained at an oven temperature of 40°C using a mobile phase gradient of (A) 0.1%
formic acid in water and (B) 0.1% formic acid in acetonitrile. We programmed the elution
gradient as follows: 0–1.0 min, isocratic A to B (80:20, v/v); 1.0–1.3 min, from A to B (80:20,
v/v) to A-B (0:100, v/v); 1.3–2.3 min, isocratic A to B (0:100, v/v); at 2.3 min, from A-B (0:100,
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v/v) to A to B (80:20, v/v); 2.3–6.0 min, isocratic A to B (80:20, v/v). We maintained the
autosampler temperature at 10°C and the injection volume was 2 µL. The MS/MS detection of
the compounds was performed by electrospray ionization (ESI) source operated in positive ion
mode.
We used multiple reaction monitoring (MRM) for the detection and quantification of
imidacloprid and metabolites. MRM parameters were as follows: imidacloprid, Q1 mass 256.000
Da, Q3 mass 209.000 Da, 50.0 msec; imidacloprid urea, Q1 mass 213.200 Da, Q3 mass 129.000,
50.0 msec; imidacloprid olefin, Q1 mass 254.100 Da, Q3 mass 171.000 Da, 50 msec. We
maintained the IonSpray voltage and source temperature at 4.50 kV and 450°C, respectively. We
used the LC-MS/MS software Analyst (Sciex, Version 1.6.3) for data acquisition and processing.
Due to project constraints, we were unable to quantify recovery success of imidacloprid from
sediment, and thus we treated sediment data as presence-absence only for this study. We note
that estimated imidacloprid concentrations in sediment were minor compared to estimated
concentrations in stream water (i.e., typically <15% of the concentration in stream water). We
were not able to test for presence/absence of metabolites in water for sites at NERI and GARI.

2.4 Salamander Sampling
Within each of the 48 sites, we established three 3.3 x 2 meter subplots for a total plot
area of 10 x 2 meter. One meter of the subplot width was on the bank and one meter was within
the wetted stream channel. We primarily placed subplots in riffles, but occasionally placed
subplots in runs or pools if the site did not have riffle habitat. We chose subplots which were
similar in terms of stream depth, substrate, canopy cover, vegetative community, and flow
regime. We completed salamander sampling in the NPS sites between April and July of 2017 and
in the MNF sites between April and July of 2018, sampling each site 6–7 times during the year.
We conducted surveys during baseflow conditions. While moving upstream to prevent stream
sediment from flowing downstream and obscuring our view, we flipped every cover object
greater than 50 mm in diameter and searched through leaf packs.
We removed all captured salamanders and placed them in plastic bags. We identified all
salamanders to species, or genus when identification to species was not possible. We weighed all
captured salamanders to the nearest 0.1 g with a spring scale (Pesola Precision Scales,
Schindellegi, Switzerland) and measured snout-vent length (SVL) and total length to the nearest
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0.1 mm with dial calipers (Wiha Tools, Monticello, Minnesota, USA). We measured
salamanders using a salamander stick to maximize accuracy (Margenau et al. 2018). We took
note of any missing limbs or tails and if salamanders were gravid. After processing, we returned
salamanders to their point of capture.

2.5 Salamander Sampling for Corticosterone Concentration and Imidacloprid Bioaccumulation
We hand captured 175 D. monticola and D. fuscus salamanders by flipping rocks and
other cover objects in the stream between 8 July and 24 November 2017. We selectively
collected large salamanders because of a minimum tissue sample requirement for imidacloprid
extraction and quantification. We measured and weighed the salamanders, placed them in
individual plastic bags and transferred them to the laboratory, and humanely euthanized them
through exposure to carbon dioxide followed by decapitation. Salamanders were then frozen
until processing for imidacloprid extraction.
We quantified plasma levels of corticosterone for a subset of the salamanders (n = 126).
For these samples, we decapitated salamanders in the field and collected a blood sample within
three minutes of initial disturbance of the salamander to minimize the influence of capture stress
on corticosterone level (Romero and Reed 2005). We then transported salamanders to the
laboratory, measured and weighed them, and froze them until processing for imidacloprid
extraction. We centrifuged blood samples for 5 min and plasma was collected and stored at 20°C until analysis. Plasma samples packed in a cooler on dry ice and sent to the Endocrine
Technology Laboratory at the Oregon National Primate Research Center (ONPRC) and assayed
for corticosterone using radioimmunoassay (RIA; Thomas and Woodley 2017). Recovery was
98.8% and intra-assay coefficient of variation (CV) was 8.1%.

2.6 Benthic Macroinvertebrate and Crayfish Sampling
We collected benthic macroinvertebrates and crayfish between 17 September and 20
November 2018. We collected individuals by placing a D-net flush with the stream bottom and
disturbing the substrate upstream or by sweeping the D-net under stream overhangs. Only
crayfish smaller than 2.5 cm were collected to ensure that they were of a size that could be
consumed by a salamander. Benthic macroinvertebrates and crayfish from each site were stored
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together in a tube containing 75% ethanol and covered with foil to prevent light exposure until
imidacloprid extraction.

2.7 Salamander and Invertebrate Imidacloprid Extraction and Quantification
We quantified imidacloprid concentrations in 164 Desmognathus salamanders (62 D.
fuscus and 102 D. monticola). We adapted pesticide extraction and chromatographic and mass
spectrometry conditions from procedures developed by Lehotay (2006) and Galeano et al.
(2013). We placed individual salamanders and the composite invertebrate samples from each site
into 50-mL tubes. We flash froze samples in liquid nitrogen and placed them in a freeze dryer for
3 days. We placed 3 5-mm steel beads into each 50-mL tube and ground the salamanders and
invertebrates in a Retsch MixerMill (MM 400, Haan, Germany) for 3 mins at 30 rep/min. We
then removed the steel beads and added 10 mL of deionized water and 10 mL of acetonitrile.
Samples were briefly vortexed then sonicated for 20 min at room temperature in a sonication
bath. We then added Quick Easy Cheap Effective Rugged Safe (QuEChERS) Mylar salt pouches
(UCT, ECQUEU7-MP) to each sample, and the samples were vortexed for 10 sec and shaken by
hand for 1 min. We centrifuged the samples at 2,200 relative centrifugal force for 5 min. We
assembled a high-throughput vacuum apparatus with clean-up cartridges (UCT, ECPSAC1856)
and conditioned with 5 mL of acetonitrile. Eight mL of the organic layer (acetonitrile) of each
sample was collected and cleaned through the cartridges, and deposited in 15-mL glass test
tubes. We then dried the test tubes under nitrogen at 50°C, reconstituted them in 0.5 mL of
acetonitrile, and filtered the samples through PTFE Whatman Mini-UniPrep Syringeless Filter
vials. We followed the same procedure to quantify imidacloprid concentration as described
above for water and sediment.
We calculated limit of detection (LOD) values from an external standard solution
containing imidacloprid, imidacloprid-urea, and imidacloprid-olefin ranging from 5–300 ng/mL
in LC-MS grade acetonitrile. We performed a linear regression on the data points in the
concentration range (n = 7) and used the formula 3*[(SE)/(R2)] (SE = standard error, R2 =
coefficient of determination) to calculate the LOD. In all sample types, the LOD values were
5.98 ng/mL, 33.7 ng/mL, and 4.15 ng/mL for imidacloprid, imidacloprid-urea, and imidaclopridolefin, respectively.

28

2.8 Statistical Analyses
We assessed relationships between exposure to imidacloprid and the following response
variables: bioaccumulation in salamanders, bioaccumulation in invertebrates (benthic
macroinvertebrates and crayfish combined), salamander corticosterone concentration, and
salamander BCI score. For bioaccumulation, we assessed the influence of imidacloprid
concentration in stream water on imidacloprid concentration in the salamanders and
invertebrates. For salamanders, we only included individuals with detectable levels of
imidacloprid or one of its metabolites. For both salamanders and invertebrates, we used the total
estimated concentration of imidacloprid and its metabolites as the response variable. For
sublethal effects, we assessed the influence of imidacloprid concentration in stream water and
three additional predictors of imidacloprid exposure, including whether the site was adjacent to
treated trees, number of applications in adjacent treated stands (a measure of treatment intensity),
and whether imidacloprid was detected in the environment. We considered a site to be present
for imidacloprid if imidacloprid, imidacloprid-urea, or imidacloprid-olefin was detected in either
stream water or sediment, or the sampling site was located adjacent to imidacloprid-treated trees.
We created a BCI by regressing (log) SVL on (log) weight (Schulte-Hostedde et al.
2005). Positive residuals indicate a higher-than-average weight for a given SVL, and vice versa.
We did not include salamanders missing portions of their tails or legs in BCI analyses. We
created separate BCIs for each salamander species, and for gravid females within-species,
including D. fuscus (n = 207), D. monticola (n = 274), D. ochrophaeus (Allegheny Mountain
dusky salamander; n = 141), Eurycea spp. (northern and southern two-lined salamanders; n =
59), and Gyrinophilus porphyriticus (spring salamander; n = 121). We did not include larval
salamanders that weighed ≤0.1 g, larval Eurycea spp. because SVL was not a strong predictor of
weight, or additional salamander species captured because sample sizes were small (< 20
captures). For each BCI, we z-score transformed the data so that standard deviations were equal
across species (Legendre and Legendre 2012).
We used linear regressions and a model selection approach using Akaike’s Information
Criterion corrected for small sample size (AICc) to assess the influence of imidacloprid
predictors on our response variables (Burnham et al. 2011, Zuur et al. 2009). For all analyses, we
assessed assumptions of normality using quantile-quantile plots and homoscedasticity using
residual plots (Zuur et al. 2009, 2010). For the invertebrate bioaccumulation data set, we
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removed the two highest water concentration samples to satisfy the assumption of
homoscedasticity. For the corticosterone data set, we removed the four highest corticosterone
concentration samples to satisfy the assumption of normality. For the corticosterone model
selection, we accounted for inherent differences in corticosterone concentration among species
and sex (i.e., males, females, gravid females; Dickens and Romero 2013, Gormally et al. 2019,
Scott and Ellis 2007) by including these factors in all imidacloprid models. For the BCI model
selection, we did not include sex as a predictor because we did not identify sex for many of the
captures, but we did include life stage (i.e., larva or adult/sub-adult). We created linear
regressions using the GLS function with a constant variance structure in the package nlme
(Pinheiro et al. 2016; version 3.1-137) in program R (R Core Team 2019; version 3.4.1). We
gauged model support based on ∆AICc and Akaike weight (wi), and considered candidate models
to have support when ∆AICc < 7 (Burnham et al. 2011).

3. RESULTS
3.1 Water and Sediment Imidacloprid Concentration
Of the 48 sampled sites, 27 were directly adjacent to HWA treatments (Table 1-1).
Imidacloprid was detected in the stream water at 24 sites, with a mean concentration of 49.83 ±
20.22 ng/mL (range = 6.52–489.56 ng/mL). Imidacloprid-urea was not detected in the stream
water at any site. We detected imidacloprid-olefin in the water at two sites, both of which had
detectable levels of imidacloprid. Imidacloprid was detected in sediment at eight sites, five of
which were adjacent to HWA treatments. We did not detect imidacloprid-olefin or imidaclopridurea in the sediment at any site.

3.2 Salamander Imidacloprid Bioaccumulation
Of the 107 salamanders tested for bioaccumulation, 29 had detectable levels of
imidacloprid or imidacloprid-olefin. We detected imidacloprid in the tissues of 10 D. monticola
and 4 D. fuscus, with a mean concentration of 24.63 ± 3.55 ng/mL (range = 6.36–51.27 ng/mL).
We detected imidacloprid-olefin in the tissues of 13 D. monticola and 6 D. fuscus, with a mean
concentration of 8.33 ± 0.80 ng/mL (range = 4.16–19.78 ng/mL). Three D. monticola and one D.
fuscus had detectable levels of both imidacloprid and imidacloprid-olefin. We did not detect
imidacloprid-urea in the tissues of any salamanders. We detected imidacloprid or imidacloprid30

olefin in the tissue of three salamanders collected from sites that were not adjacent to treated
trees (sites 9, 11, 32; Table 1-1). The model containing concentration of imidacloprid in stream
water received higher support than the null model (wi = 0.60). Imidacloprid concentration in
salamanders increased with concentration in stream water, but the 95% confidence interval (CI)
overlapped 0 (β= 0.093, 95% CI: -0.013–0.199).

3.3 Benthic Macroinvertebrate and Crayfish Imidacloprid Bioaccumulation
We detected imidacloprid in all 15 benthic macroinvertebrate/crayfish samples, with a
mean concentration of 26.36 ± 3.76 ng/mL (range = 12.05–68.38 ng/mL). We also detected
imidacloprid-urea in 13 of these samples. We did not detect imidacloprid-olefin in any samples.
For three sites adjacent to HWA treatments, imidacloprid was not detected in the water or
sediment, but was detected in the invertebrate samples (mean concentration of these samples =
26.08 ± 4.94 ng/mL; Table 1-1). The null model received higher support than the model
containing concentration of imidacloprid in stream water (wi = 0.71).
3.4 Sublethal Effects of Imidacloprid on Salamanders
For the corticosterone model selection, the model with the strongest support contained
additive effects of species, sex, and number of imidacloprid applications in adjacent treated
stands (wi = 0.39; Table 2-1). Corticosterone concentration increased with increasing number of
applications (β = 0.0010, 95% CI: 0.0003–0.0017). The second most supported model contained
an interaction effect between sex and number of applications (wi = 0.28), and indicated that
effects were stronger for non-gravid females than for males and gravid females (Fig. 2-2a).
Concentration of imidacloprid in stream water (∆AICc = 2.77) and presence of treated trees
(∆AICc = 6.68) also had some support as predictors of corticosterone concentration (Table 2-1),
and both estimated positive relationships.
For the BCI model selection, the model with the strongest support contained
concentration of imidacloprid in stream water as a predictor (wi = 0.44; Table 2-2). BCI
decreased as concentration of imidacloprid in stream water increased (β = -0.0009, 95% CI: 0.0017 – -0.0001; Fig. 2-2b). The null model also had some support (∆AICc = 2.62, wi = 0.12).
There was no support for an interaction between species and concentration of imidacloprid in
stream water (∆AICc = 12.35). For all 5 species, mean BCI score was lower at sites with presence
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of imidacloprid in the environment, and median BCI score was lower for 4 of the species (Fig. 23).

4. DISCUSSION
This study provides strong evidence that salamanders and stream invertebrates uptake
imidacloprid that leaches into their environment from treated hemlock stands. Our concurrent
research demonstrated that terrestrial spotted salamanders uptake imidacloprid dermally
(Appendix 2-1). In this study, we found that benthic macroinvertebrates and crayfish, which are
both important prey sources of stream salamanders, can also bioaccumulate imidacloprid. Thus,
prey consumption may represent an additional route of imidacloprid exposure for salamanders.
However, additional research is needed to confirm if salamanders bioaccumulate imidacloprid
after consuming contaminated prey.
Corticosterone in D. monticola and D. fuscus was positively associated with number of
imidacloprid applications, and this effect was the strongest for non-gravid females. Conclusions
from previous studies investigating pesticide-associated changes in corticosterone levels are
conflicted. For example, larval western tiger salamanders (Ambystoma mavortium) had higher
corticosterone levels in agricultural wetlands with elevated levels of neonicotinoid insecticides,
compared to reference wetlands (Davis et al. In Press). In contrast, wood frog (Lithobates
sylvaticus) tadpoles experimentally exposed to environmentally relevant concentrations of the
neonicotinoid thiamethoxam had lower corticosterone concentrations, and there was no
difference in corticosterone concentrations in juveniles (Gavel et al. 2019). Male African clawed
frogs (Xenopus laevis) had elevated corticosterone concentrations when exposed to the pesticide
concoction (Hayes et al. 2006). Additional studies are needed to determine if corticosterone
responses to imidacloprid exposure are predictable based on species, sex, and life stage.
We found that salamander BCI was negatively associated with imidacloprid
concentration in stream water, and BCI was lower in streams with environmental imidacloprid
for all five species. Body condition is an important indicator of amphibian health and correlates
with survival, productivity, and movement dynamics (e.g., Lowe et al. 2006, Reading 2007,
Roznik et al. 2015). For example, body condition is correlated to territory size and number of
prey within territories (Gabor 1995) and larger body size is advantageous in mate competition
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(Howard et al. 1997). Our results suggest that HWA treatments can negatively effect the health
of individual salamanders.
Interestingly, we found imidacloprid in the tissues of invertebrates from three sites where
we did not detect imidacloprid in the stream water or sediment. Presence of imidacloprid in
stream water varies temporally and increases after rain events (Churchel et al. 2011, Cowles et
al. 2009, McGrath et al. 2010). Grab sampling of stream water for pesticide runoff research does
not account for spatial and temporal variation and can lead to underestimates of pesticide
residues (Xing et al. 2013). Our results suggest that sampling stream invertebrates may be more
reliable than sampling stream water to confirm presence of imidacloprid in streams. However,
we recognize that our sample size was small, and we were unable to assess temporal dynamics in
our data sets. Additional research on this topic is warranted.
Three sites that were not directly adjacent to HWA treatments contained salamanders
with detectable levels of imidacloprid or imidacloprid-olefin. One of these sites was located
downstream of farmland and we did detect imidacloprid in the stream sediment. Imidacloprid is
commonly used in agriculture (Elbert et al. 2008), and thus leaching from upstream farmland
may explain presence of imidacloprid at this site. Similarly, another site was near private homes,
and imidacloprid is used in residential areas for treating ornamental trees and for termite control
(McCullough et al. 2005, Parman and Vargo 2010). However, we did not detect imidacloprid in
the stream water or sediment at this site. The third site was located 100 m upstream of a known
treatment site, and we speculate that the salamander traveled upstream following exposure to
imidacloprid.
In summary, this research indicates that treating hemlock stands adjacent to streams with
imidacloprid can result in the pesticide entering aquatic food webs, and can result in sublethal
effects on salamanders. Imidacloprid is one of the world’s most widely used pesticides, with
heavy application in agricultural, urban, and forest systems. Given the widespread use of
imidacloprid and documented bioaccumulation in invertebrate and vertebrate organisms,
additional studies investigating potential biomagnification in food webs are warranted.
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Table 2-1. Model selection results for the influence of species (Desmognathus fuscus [northern
dusky salamander] and D. monticola [seal salamander]), sex (males, females, and gravid
females), and imidacloprid exposure on salamander corticosterone concentration. We sampled
119 salamanders (115 included in the analysis) at Gauley River National Recreational Area
(GARI) and New River Gorge National River (NERI) in West Virginia, USA. We tested four
predictors of imidacloprid exposure, including whether the site was adjacent to treated trees
(Trees), number of applications in adjacent treated stands (Number), whether imidacloprid was
detected in the environment (Presence), and concentration in the stream water (ng/mL;
Concentration). We used Akaike’s Information Criterion corrected for small sample size (AICc)
to rank candidate models. The null model is shown as (.) and includes only the intercept. Akaike
weights are represented as wi.
Model

Parameters

AICc

∆AICc

Adj-R2

wi

Species + Sex + Number

6

311.55

0.00

0.15

0.39

Species + Sex × Number

8

312.20

0.65

0.16

0.28

Sex + Species × Number

7

313.82

2.27

0.14

0.13

Species + Sex + Concentration

6

314.32

2.77

0.13

0.10

Species × Sex

7

315.19

3.64

0.13

0.06

Species + Sex

5

317.93

6.38

0.09

0.02

Species + Sex + Trees

6

318.23

6.68

0.10

0.01

Species + Sex + Presence

6

319.94

8.39

0.09

0.01

Species

3

321.46

9.91

0.05

0.00

Sex

4

321.93

10.38

0.05

0.00

(.)

2

325.90

14.35

NA

0.00
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Table 2-2. Model selection results for the influence of species, age (larva or adult/sub-adult), and
imidacloprid exposure on salamander body condition index (BCI) score. We standardized BCI
scores for each species and thus did not include species as an independent factor in the model
selection. Species included Desmognathus fuscus (northern dusky salamander), D. monticola
(seal salamander), D. ochrophaeus (Allegheny Mountain dusky salamander), Eurycea spp.
(northern and southern two-lined salamanders), and G. porphyriticus (spring salamander). We
tested four predictors of imidacloprid exposure, including whether the site was adjacent to
treated trees (Trees), number of applications in adjacent treated stands (Number), whether
imidacloprid was detected in the environment (Presence), and concentration (ng/mL) in the
stream water (Concentration). We used Akaike’s Information Criterion corrected for small
sample size (AICc) to rank candidate models. The null model is shown as (.) and includes only
the intercept. Akaike weights are represented as wi.
Model

Parameters

AICc

∆AICc

Adj-R2

wi

Concentration

3

2269.34

0.00

0.005

0.44

(.)

2

2271.95

2.62

NA

0.12

Presence

3

2272.00

2.67

0.001

0.12

Number

3

2272.18

2.84

0.001

0.11

Trees

3

2272.44

3.10

0.001

0.09

Life Stage × Concentration

5

2273.15

3.81

0.002

0.07

Life Stage

3

2273.77

4.43

-0.001

0.05

Species × Concentration

11

2281.69

12.35

-0.001

0.00
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Figure 2-1. Map of study sites to investigate bioaccumulation of imidacloprid and its metabolites
in stream salamanders and invertebrates, and sublethal impacts of imidacloprid on salamanders.
West Virginia, USA (insert).
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Figure 2-2. Potential sublethal effects of imidacloprid exposure on stream salamanders in West
Virginia, USA. (a) Model-estimated relationship between concentration of the hormone
corticosterone and total number of imidacloprid applications at the sampling site for male, nongravid female, and gravid female Desmognathus spp. (n = 115). The intercepts represent D.
fuscus (northern dusky salamander). (b) Model-estimated relationship between salamander body
condition index (BCI) score and concentration of imidacloprid in stream water. BCI analyses
included 802 individuals representing 5 species. Bars represent model standard errors.
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Figure 2-3. Boxplot summaries of body condition index (BCI) values used in this study assessing
potential sublethal effects of imidacloprid exposure on D. fuscus (DEFU, absent, n = 54, present,
n = 153), D. monticola (DEMO, absent, n = 79, present, n = 195), D. ochrophaeus (DEOC,
absent, n = 43, present, n = 98), Eurycea spp. adults (EUSP, absent, n = 17, present, n = 42), and
G. porphyriticus (GYPO, absent, n = 26, present, n = 95). Mean BCI is indicated with a red
circle and generally was lower in streams with imidacloprid present in the environment for each
species tested.
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Appendix 2-1. Dermal Uptake and Sublethal Effects on Spotted Salamanders (Ambystoma
maculatum) from Exposure to Soil Containing High Concentrations of Imidacloprid

ABSTRACT
The neonicotinoid pesticide imidacloprid is widely applied in natural systems to manage the
spread and impact of nonnative forest insects, such as the hemlock woolly adelgid (Adelges
tsugae). While application of this pesticide is an effective management tool for native tree
preservation, previous research has identified negative impacts on non-target invertebrates and
vertebrates. However, few studies have assessed vulnerability of amphibians to imidacloprid
exposure, particularly in the terrestrial environment. We conducted a laboratory experiment
using terrestrial juvenile spotted salamanders (Ambystoma maculatum) to determine if exposure
of salamanders to soil contaminated with high concentrations of imidacloprid resulted in
bioaccumulation of the pesticide and detectable sublethal effects. We assessed two soil
imidacloprid concentrations and exposed salamanders for 1–18 days. We found that terrestrial
spotted salamanders were capable of uptaking imidacloprid through dermal exposure, and that
soil imidacloprid concentration and number of days of exposure were positively correlated with
the concentration of imidacloprid in salamanders. We also found that soil imidacloprid
concentration and number of days of exposure were negatively associated with salamander body
condition and prey consumption. The results of this study indicate that salamanders inhabiting
forest soil with high levels of imidacloprid, such as soil drench or injection application points,
could be negatively impacted by the pesticide. However, soil drench and injection zones
represent a small proportion of total forest surfaces, and soil imidacloprid concentration
decreases with time since application and distance from application. Additional research is
needed to assess impacts of long-term exposure to low soil imidacloprid concentrations on
terrestrial salamanders.

1. INTRODUCTION
Many forest ecosystems in the United States are being impacted by nonnative insects that
damage or kill native trees, such as the emerald ash borer (Agrilus planipennis), European gypsy
moth (Lymantria dispar dispar), and hemlock woolly adelgid (Adelges tsugae; Lovett et al.
2016). A variety of biological, chemical, silvicultural, and cultural management approaches have
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been implemented to manage the spread and impacts of nonnative forest insects (e.g., Webb et
al. 2003, Lamb et al. 2006, Muzika 2017). One of the most common approaches is application of
systemic insecticides through soil drenches, injections, or tablets (Kovacs et al. 2010, Meng et al.
2015), with imidacloprid being the most widely used insecticide for management of hemlock
woolly adelgid infestations (Dilling et al. 2010, Turcotte et al. 2017). Soil treatments are
substantially more effective than trunk injections, and are thus recommended (Cowles et al.
2006, Cowles and Lagalante 2009).
While the use of imidacloprid is an effective management tool for hemlock (Tsuga spp.)
preservation (Webb et al. 2003), a thorough understanding of the potential non-target impacts of
using the pesticide is needed. Imidacloprid is a neonicotinoid, a group of pesticides that act as
neurotoxicants in insects (Jeschke and Nauen 2008). Neonicotinoids are generally considered
low-risk pesticides for vertebrates because they are highly selective for insect nicotinic
acetylcholine receptors (Jeschke et al. 2011, Simon-Delso et al. 2015). However, previous
studies have documented lethal and sublethal effects when exposing vertebrates to
environmentally-relevant concentrations of imidacloprid (reviewed by Gibbons et al. 2015). In
an agricultural system, surface water concentrations of just 0.02 ng/mL were associated with
local declines in insectivorous birds (Hallmann et al. 2014). Adult red-legged partridges
(Alectoris rufa) that were fed seeds coated with imidacloprid at the dose recommended for cereal
seed coating exhibited reduced body condition, fertility, and chick survival rates (Lopez-Antia et
al. 2013). In an extreme case, 26 American Goldfinches (Spinus tristis) died from consuming
seeds contaminated with imidacloprid following soil drench applications in a California suburb
(Rogers et al. 2019). Importantly, several metabolites of imidacloprid may have higher toxicity
to vertebrates than imidacloprid (reviewed by Wang et al. 2018).
Few studies have investigated non-target impacts of imidacloprid on amphibians, and
most previous research focused on assessing lethal concentrations and genotoxicity to anuran
tadpoles (e.g., Feng et al. 2004, Pérez-Iglesias et al. 2014, Ruiz de Arcaute et al. 2014). The
Appalachian region is a global biodiversity hotspot for salamanders (Buckley and Jetz 2007,
Rissler and Smith 2010), and imidacloprid is widely used to preserve hemlock stands in the
region (Turcotte et al. 2017). Imidacloprid applied to soil in forest systems can leach into
surrounding aquatic habitats (Benton et al. 2016), and thus assessing potential impacts on aquatic
and aquatic-stage amphibians is relevant in these systems. However, vulnerability may be
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highest for terrestrial amphibians that are chronically exposed to comparatively high
concentrations of the pesticide in soil, particularly for amphibians occupying soil in imidacloprid
drench or injection zones. Van Meter et al. (2014) confirmed that anurans can uptake
imidacloprid through dermal exposure, but to our knowledge this has not been tested in
terrestrial salamanders, and no studies have assessed sublethal effects of imidacloprid on
salamanders.
The purpose of this study was to determine if exposure of salamanders to soil
contaminated with high concentrations of imidacloprid results in uptake and bioaccumulation of
the pesticide, and if detectable sublethal effects occur. We used terrestrial juvenile spotted
salamanders (Ambystoma maculatum) as our focal species. We tested the influence of
imidacloprid soil concentration and number of days of exposure (hereafter exposure time) on
salamander bioaccumulation, body condition, and prey consumption to better understand how
application concentration and chronic exposure could impact salamanders.

2.

MATERIALS AND METHODS

2.1. Salamander collection and husbandry
We collected larval spotted salamanders on 1 July 2018 from 2 created vernal pools
(distance between pools = 1.5 km) in the Monongahela National Forest, West Virginia, USA,
that were located ca. 12 km from the nearest hemlock stands treated with imidacloprid based on
U.S. Forest Service records. We transferred the larvae to an indoor laboratory at West Virginia
University, and maintained them in three 38-L aquatic tanks until metamorphosis. We separated
larvae by size class to reduce cannibalism, and fed them blood worms ad libitum until
metamorphosis. We placed floating islands in the aquatic tanks to minimize drowning of
individuals undergoing metamorphosis. When salamanders lost their gills and tail fins (20 July –
29 August), we transferred them to individual terrestrial tanks (4.5 cm x 7 cm). We lined the
terrestrial tanks with a moist paper towel and provided salamanders with an additional moist
paper towel as a cover object. We fed terrestrial salamanders small crickets, earthworms, and
waxworms ad libitum until initiation of the experiment on 31 October 2018. Mean weight at
experiment initiation was 2.98 g (range = 1.49–4.23 g, N = 49).
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2.2 Soils and pesticides
We collected soil from an untreated eastern hemlock (Tsuga canadensis) stand in the
West Virginia Botanic Garden, Morgantown, West Virginia. We restricted our collection to the
organic layer because imidacloprid binds to organic matter in soil (Liu et al. 2006), and thus we
would expect long-term persistence of the pesticide to be highest in this layer. During active
periods, Ambystoma salamanders typically use subterranean refuges that are close to the surface
(Faccio 2003), providing the opportunity for chronic exposure to pesticides present in the organic
layer. We autoclaved the soil at 121 °C for 45 minutes to minimize microbial degradation of
imidacloprid during the study (Sabourmoghaddam et al. 2015). We also neutralized the soil to
ca. pH 7 using sodium bicarbonate because previous research found that low pH (≤5) negatively
impacted growth and survivorship of juvenile Marbled Salamanders (Ambystoma opacum;
Anderson and Johnson 2018).
We used Merit® 75 WSP, a commercially available imidacloprid treatment that is
commonly used by land management agencies for application in hemlock systems, including by
the National Park Service in West Virginia (Strickler 2014). The product instructions
recommend applying 0.75 g and 1.5 g of active ingredient per 2.54 cm trunk diameter at breast
height for trees < 38.1 cm and ≥ 38.1 cm in diameter, respectively (Cowles 2009, Benton and
Cowles 2017). The diameter of hemlock trees can exceed 100 cm (Godman and Lancaster 1990),
and thus the amount of active ingredient (AI) used can exceed 60 g for very large trees. We
tested two soil imidacloprid concentrations for this study, including ‘moderate’ and ‘high’
concentration treatments consisting of 0.15 g and 1 g of dissolved imidacloprid, respectively,
mixed in 70 g of soil (i.e., 2,143,000 ng/mL and 12,286,000 ng/mL, respectively). Once soil was
treated with the imidacloprid, we minimized soil exposure to light to restrict photodegradation of
imidacloprid prior to, and during, the experiment (Liu et al. 2006).

2.3 Experimental design
We reared 49 spotted salamanders for inclusion in the experiment, and began the
experiment on 31 Oct 2018. We housed experimental salamanders in individual 4.5 cm x 7 cm
containers containing 70 g of soil and no cover object. We kept soil moist throughout the
experiment by misting the soil with non-chlorinated H20. We randomly placed 42 of the
salamanders into the 2 imidacloprid treatments and 7 exposure times, with 3 individuals used per
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treatment-exposure time combination. Exposure time included 1, 3, 6, 9, 12, 15, and 18 days of
pesticide exposure. We used the remaining 7 salamanders as controls. We measured and weighed
all salamanders at initiation of the experiment, and remeasured control salamanders at each
exposure time to provide comparative data for body condition. We used a salamander stick to
maximize accuracy of salamander length measurements (Margenau et al. 2018). We measured
salamanders to the nearest 0.1 mm using dial calipers (Wiha Tools, Monticello, Minnesota,
USA), and weighed salamanders to the nearest 1 mg using a precision balance (Ohaus SPX123,
Parsippany, New Jersey, USA). Every 3 days, we removed the remaining salamanders from
experimental tanks for ca. 24 hours to allow them to feed on non-contaminated prey. During this
time, we kept the salamanders in individual tanks lined with a moist paper towel and provided
them with a single waxworm weighing ca. 0.2 g. We recorded prey consumption by each
salamander throughout the experiment.

2.4 Salamander processing and pesticide extraction
At the conclusion of each exposure time category, we placed salamanders assigned to that
time in individual holding bags and euthanized them through exposure to carbon dioxide. We
then handwashed each salamander under running tap water for two minutes to remove all soil
and minimize presence of imidacloprid residue on the epidermis, and transferred salamanders to
clean holding bags. We measured and weighed the salamanders, and then froze them until
conclusion of the experiment and subsequent processing for imidacloprid extraction.
We quantified the concentration of imidacloprid in salamanders using ultra-performance
liquid chromatography-tandem mass spectrometry ([UP] LC-MS/MS). Pesticide extraction and
chromatographic and mass spectrometry conditions were adapted from procedures developed by
Lehotay (2006) and Galeano et al. (2013). We placed salamanders in individual 50 ml tubes,
flash froze them in liquid nitrogen, and then placed them in a freeze dryer for 3 days. We placed
3 5-mm steel beads into each 50 ml tube and ground the salamanders in a Retsch MixerMill
(MM 400, Haan, Germany) for 3 mins at 30 reps/min. We then removed the steel beads and
added 10 ml of deionized water and 10 ml of acetonitrile. Samples were briefly vortexed then
sonicated for 20 mins at room temperature in a sonication bath. We added Quick Easy Cheap
Effective Rugged Safe (QuEChERS) Mylar salt pouches (UCT, ECQUEU7-MP) to each sample,
and the samples were vortexed for 10 secs and shaken by hand for 1 min. We centrifuged the
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samples at 2,200 relative centrifugal force for 5 mins. We assembled a high-throughput vacuum
apparatus with clean-up cartridges (UCT, ECPSAC1856) and conditioned with 5 mL of
acetonitrile. Eight ml of the organic layer (acetonitrile) of each sample was collected and cleaned
through the cartridges, and deposited in 15 ml glass test tubes. We then dried the test tubes under
nitrogen at 50 °C, reconstituted them in 0.5 ml of acetonitrile, and filtered the samples through
PTFE Whatman Mini-UniPrep Syringeless Filter vials.
We used an Exion LC AD UHPLC system coupled with an AB Sciex Qtrap 5500 triple
quadrupole AcQuRate CEM detector. We separated the compounds imidacloprid, imidaclopridurea, and imidacloprid-olefin, as well as external standards, on a Kromasil C-18 column (2.1 x 50
mm) maintained at an oven temperature of 40 °C using a mobile phase gradient of (A) 0.1%
formic acid in water and (B) 0.1% formic acid in acetonitrile. We programmed the elution
gradient as follows: 0–1.0 min, isocratic A to B (80:20, v/v); 1.0–1.3 min, from A to B (80:20,
v/v) to (0:100, v/v); 1.3–2.3 min, isocratic A to B (0:100, v/v); at 2.3 min, from A to B (0:100,
v/v) to (80:20, v/v); 2.3–6.0 min, isocratic A to B (80:20, v/v). We maintained the autosampler
temperature at 10 °C; the injection volume was 2 µl.
The LC-MS/MS detection of the compounds was performed by electrospray ionization
(ESI) source operated in positive ion mode. We used multiple reaction monitoring (MRM) for
the detection and quantification of imidacloprid and metabolites. MRM parameters were as
follows: imidacloprid, Q1 mass 256.000 Da, Q3 mass 209.000 Da, 50.0 msec; imidacloprid-urea,
Q1 mass 213.200 Da, Q3 mass 129.000 Da, 50.0 msec; imidacloprid-olefin, Q1 mass 254.100
Da, Q3 mass 171.000 Da, 50 msec. We maintained the IonSpray voltage and source temperature
at 4.50 kV and 450 °C, respectively. We performed data acquisition and processing using the
software Analyst® (Sciex, Version 1.6.3).
We assessed recovery of imidacloprid and metabolites from salamanders by spiking nonstudy salamander tissues with known concentrations of the chemicals. We used tissue from wildcaught dusky salamanders (Desmognathus spp.) that had been previously analyzed via LCMS/MS to confirm concentrations lower than 0.5 ng/mL for the targeted compounds. We
homogenized a total of 10 g of salamander tissue in a mixer mill and used 0.5 g of the tissue for
each spike. We conducted tissue spikes by adding 1 ml of a mixed standard solution containing
imidacloprid, imidacloprid-urea, and imidacloprid-olefin at 10,000 ng/mL, 1,000 ng/mL, and 100
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ng/mL in acetonitrile. The average recovery of salamanders spiked with imidacloprid,
imidacloprid-urea, and imidacloprid-olefin was 73.5%, 65.1%, and 49.2%, respectively.

2.5 Statistical analyses
We assessed and quantified the influence of soil imidacloprid concentration (control,
moderate, high) and exposure time on salamander bioaccumulation, body condition, and prey
consumption. We used concentration of imidacloprid in each salamander as the bioaccumulation
response variable. We created a body condition index (BCI) by regressing (log) body length on
(log) weight (Schulte-Hostedde et al. 2005). Positive residuals indicate a higher-than-average
weight for a given length, and vice versa. For each salamander, we computed the difference in
these residual values between the initial and end measurement and used this difference as our
BCI. This allowed us to control for individual differences in body condition at initiation of the
experiment without adding an additional model covariate. For prey consumption, we used a
binary response variable that represented if prey was consumed each feeding day.
We used a generalized least squares model to assess soil imidacloprid concentration and
exposure time effects on salamander bioaccumulation for the 42 individuals in the high and low
treatments (Zuur et al. 2009). The body condition and prey consumption data sets included
repeated measurements of the 49 individuals from all three treatments, and thus we used mixed
effects models, treating individuals as an intercept random effect (Zuur et al. 2009). We used a
Gaussian distribution for the bioaccumulation and body condition analyses, and a binomial
distribution for the prey consumption analysis. We assessed model fit and determined the most
appropriate model structures using residual plots and Akaike Information Criterion (AIC) scores
(Zuur et al. 2009). For the body condition model, examination of residuals indicated that
variance increased with increasing exposure time. To address this, we used a fixed variance
structure based on exposure time, which provided a better model fit than a constant variance
structure.
For each data set, we used a model selection approach with AIC corrected for small
sample size (AICc) to determine the optimal fixed effect covariate structure (Burnham et al.
2011). Specifically, we compared interaction, additive, and main effects models to a null model
that contained no fixed effects (Table 1). For the body condition and prey consumption model
selections, all models included individuals as an intercept random effect. We performed all
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statistical analyses using program R (version 3.5.3; The R Foundation for Statistical Computing,
Vienna, Austria). We used the package nlme (version 3.1-137) for the bioaccumulation and body
condition analyses, package lme4 (version 1.1-21) for the prey consumption analysis, and
package AICcmodavg (version 2.2-1) for model selection.

3. RESULTS
No imidacloprid, imidacloprid-olefin, or imidacloprid-urea was detected in the 7 control
salamanders. Imidacloprid concentration in all treatment salamanders exceeded the limit of
detection and quantification (1731 and 5770.1 ng/mL, respectively). Mean salamander
imidacloprid concentration in the moderate and high soil concentration groups was 18782.8
ng/mL and 27562.4 ng/mL, respectively (Figure 1a). The top model for imidacloprid
bioaccumulation included an additive effect for soil concentration and exposure time (Akaike
weight = 0.45; Table 1). Mean salamander imidacloprid concentration increased by 129.7 (±
79.4) ng/mL per day. Salamander imidacloprid concentration per soil imidacloprid concentration
and exposure time is shown in Figure 1b, c. All treatment salamanders contained detectable
levels of imidacloprid-olefin and imidacloprid-urea. Mean concentration of imidacloprid-olefin
was 1097.7 (range = 262–3282.1) and 2445 (range = 604–5002.6) ng/mL in the moderate and
high soil concentration groups, respectively. Mean concentration of imidacloprid-urea was 260.5
(range = 77.4–713.8) and 523.7 (range = 198.7–1086.5) ng/mL in the moderate and high soil
concentration groups, respectively.
The top model for salamander BCI included an interaction effect between soil
imidacloprid concentration and exposure time (Akaike weight = 0.48; Table 1). Predicted BCI
had a minimal positive association with exposure time for control salamanders (slope =
0.0003/exposure day; Figure 2a). Predicted BCI was negatively associated with exposure time
for moderate and high soil concentration salamanders, with a ca. 3 times stronger relationship for
high soil concentration salamanders (slope = -0.0019 vs -0.0064/exposure day for moderate and
high soil concentration salamanders, respectively; Figure 2a).
The top model for prey consumption included an additive effect between soil
imidacloprid concentration and exposure time (Akaike weight = 0.56; Table 1). Probability of
prey consumption at exposure day 3 was 0.989, 0.724, and 0.494 for control, moderate, and high
soil concentration salamanders, respectively. At exposure day 15, probability of prey
53

consumption declined to 0.669, 0.383, and 0.005 for control, moderate, and high soil
concentration salamanders, respectively (Figure 2b). No high soil concentration salamander
consumed prey after 9 days of imidacloprid exposure.

4. DISCUSSION
The results of this study indicate that terrestrial salamanders can uptake the pesticide
imidacloprid through dermal exposure, consistent with the findings of Van Meter et al. (2014,
2015) for terrestrial anurans. We also found that while exposure to high imidacloprid soil
concentrations did not result in mortality during the time-span of our study, it did negatively
impact body condition, likely related to the decreased prey consumption rates that we also
observed. However, we were unable to explicitly quantify the relationship between BCI and prey
consumption because body condition was only measured at the beginning and end of the
experiment, and the number of prey consumption events for most salamanders was too small to
reliably estimate proportion of prey consumed. Amphibian body condition correlates with
survival, productivity, and movement dynamics (e.g., Lowe et al. 2006, Reading 2007, Roznik et
al. 2015) and these individual-level effects can scale up to impact population-level vital rates
(Ozgul et al. 2010, Willson et al. 2012).
We recognize that the presence of very high imidacloprid concentrations in forest
systems is limited to initial applications at soil drench and injection points, and these are both
spatially and temporally limited. However, pesticide degradation can take years in forest soils
with high organic matter content, such as hemlock systems (Anhalt et al. 2008, Bonmatin et al.
2015). Terrestrial salamanders have long life-spans and generally have restricted movement
outside of the breeding period (reviewed by Petranka et al. 1998), and thus could be exposed to
lower concentrations of imidacloprid in the environment for many years and potentially their
entire lifespan. In addition, lower concentrations of imidacloprid can be present in the broader
environment, primarily through deposition and movement of tree needles or leaves containing
the pesticide (Cowles et al. 2006), and leaching of the pesticide into groundwater and subsequent
transport to streams (Benton et al. 2016).
Our study examined bioaccumulation strictly through dermal uptake. Salamanders in the
wild could also acquire imidacloprid through consumption of contaminated invertebrate prey
(Pisa et al. 2015). Further, predators of salamanders, including mammals, birds, reptiles, other
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amphibians, fish, and macroinvertebrates (Petranka 1998), could potentially acquire the chemical
through consumption of contaminated salamanders. Additional research is needed to assess
potential impacts to salamanders and other vertebrates from chronic exposure to low pesticide
concentrations in forest systems, as well as to assess the potential for bioaccumulation of
imidacloprid through prey consumption.
Eastern hemlock is a foundation species in both urban and forested landscapes of the
eastern United States because it creates critical and stable conditions required by many species
(Ellison 2014). Many plants and animals that depend on hemlock systems would be negatively
impacted by extensive mortality of hemlock forests, thus, control of hemlock woolly adelgid is
critical. However, our laboratory study confirms that imidacloprid can have measurable sublethal
effects on salamanders, at least at high concentrations. Additional research is needed to assess
both individual-level and population-level impacts to salamanders in real-world systems.
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Table 1. Model selection results to determine the optimal covariate structure for the influence of
imidacloprid soil concentration (control [body condition and prey consumption-only], moderate,
high) and time of exposure on terrestrial juvenile spotted salamander (Ambystoma maculatum)
pesticide bioaccumulation (N = 42 individuals and observations), body condition (N = 49
individuals and 91 total observations), and prey consumption (N = 49 individuals and 125 total
observations), using Akaike’s Information Criterion corrected for small sample size (AICc). The
null model includes no fixed effects and is shown as (.). For the body condition and prey
consumption model selections, all models included individuals as an intercept random effect. wi
represents Akaike weights.
∆AICc

wi

4

0.00

0.45

Concentration

3

0.33

0.38

Concentration x Exposure

5

2.04

0.16

(.)

2

46.71

0.00

Exposure

3

48.18

0.00

Concentration x Exposure

8

0.00

0.48

Exposure

4

1.42

0.23

(.)

3

1.50

0.23

Concentration

5

5.26

0.03

Concentration + Exposure

6

5.46

0.03

Concentration + Exposure

5

0.00

0.56

Concentration x Exposure

7

0.52

0.43

Exposure

3

10.08

0.00

Concentration

4

10.22

0.00

(.)

2

16.25

0.00

Data Set

Model

Bioaccumulation

Concentration + Exposure

Body condition

Prey consumption
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Figure 1. Spotted salamander (Ambystoma maculatum) imidacloprid concentrations for 3 soil
imidacloprid treatment levels (control, moderate, high) and days of exposure (1–18). (a) Boxplot
summaries of concentrations per treatment. Relationship between salamander imidacloprid
concentration and number of days of exposure to moderate (b) and high (c) treatment levels of
imidacloprid in soil. Dots represent individual salamander values, and lines represent a least
squares line of best fit.
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Figure 2. Model-predicted influence of soil imidacloprid concentration (control, moderate, high)
and time of exposure (exposure days) on (a) body condition index and (b) prey consumption of
terrestrial juvenile spotted salamanders (Ambystoma maculatum). Bars represent model standard
errors.
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CHAPTER 3: EFFECTS OF IMIDACLOPRID EXPOSURE ON STREAM
SALAMANDER ABUNDANCES

ABSTRACT
Amphibians are declining globally due to anthropogenic changes in the environment, including
exposure to chemical contaminants. Imidacloprid is a neonicotinic pesticide that is used
worldwide and is the most effective method of mitigating hemlock tree loss from the invasive
hemlock woolly adelgid. Although neonicotinoids are considered generally safe for vertebrates,
imidacloprid has been found to decrease survival and have genotoxic effects on anurans.
Research on the potential effects of imidacloprid exposure on salamanders is lacking. In this
study, we assessed whether imidacloprid exposure affects stream salamander abundances. We
surveyed stream salamanders 5–7 times at 48 study sites, 26 of which had been exposed to
imidacloprid treatments. We used N-mixture models and a model selection approach to identify
important predictors of salamander abundance and detection probability (p) for adult
Desmognathus fuscus, adult D. monticola, adult D. ochrophaeus, adult Eurycea spp., and
Gyrinophilus porphyriticus larvae. We first selected the most parsimonious detection (p)
submodels and habitat variables, and then individually tested and ranked four predictors of
imidacloprid exposure: imidacloprid water concentration (ng/mL), number of imidacloprid
applications, presence/absence of treated trees, and presence/absence of environmental
imidacloprid. There was support for models containing predictors of imidacloprid exposure for
all species. Our results suggest that Desmognathus spp. abundances may be negatively affected
by HWA treatments, particularly number of imidacloprid applications and presence of treated
trees. However, we did not detect negative effects of imidacloprid exposure on Eurycea spp. or
G. porphyriticus.

1. INTRODUCTION
Amphibians are currently facing a global conservation crisis with nearly half of
amphibian populations in decline (Houlahan et al. 2000, Stuart et al. 2004). Many of these
declines have been directly linked to anthropogenic changes, including exposure to chemical
contaminants from human activities (Davidson 2004, Davidson and Knapp 2007, Sparling et al.
2001). Amphibians tend to be more vulnerable to chemical contamination than birds or mammals
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due to amphibian skin being highly permeable because respiration and regulation of water and
ions occurs dermally, thereby providing a route of entry for contaminants into amphibian tissues
(Quaranta et al. 2009). Additionally, most amphibian species use both aquatic and terrestrial
environments and are therefore exposed to contamination in both (Brühl et al. 2011). Most
research on the effects of chemical contaminants on amphibians has focused on physiological
effects, such as reductions in body size, growth rate, body condition, and development (Gabor et
al. 2018, Larson et al. 1998, Relyea and Diecks 2008).
Imidacloprid is a neonicotinoid insecticide that is a common and effective treatment to
protect eastern hemlock (Tsuga canadensis) and Carolina hemlock (T. caroliniana) trees from
the non-native invasive pest, hemlock woolly adelgid (HWA; Adelges tsugae; Havill et al. 2014).
Hemlocks have a large geographical distribution across the eastern United States and provide
important habitat for diverse invertebrate and vertebrate species (Becker et al. 2008, Ellison
2014, Havill et al. 2014, Snyder et al. 2002, Tingley et al. 2002). HWA has spread to ca. 50% of
hemlock’s geographical range and has caused wide-spread declines in hemlock populations,
necessitating chemical mitigation (Havill et al. 2014, Orwig et al. 2008).
Previous studies have documented imidacloprid leaching from HWA treatment areas and
being detected in adjacent streams (Benton et al. 2016, Churchel et al. 2011, Wiggins et al.
2018). Its high water solubility allows for leaching into groundwater and streams (US EPA
2003), while its low volatility and a low soil adsorption coefficient makes it highly mobile in soil
with low organic matter (Ding et al. 2011, Liu et al. 2002). These characteristics, in conjunction
with the general proximity of hemlock forests to riparian areas, increase the risk of imidacloprid
leaching into stream systems (Ding et al. 2011). Although imidacloprid begins to break down
quickly in surface water when exposed to sunlight, continual leaching may maintain
imidacloprid presence in stream systems near treated hemlocks (Benton et al. 2016, Wamhoff
and Schneider, 1999).
Neonicotinoids are commonly considered to be non-harmful to vertebrates because they
are highly selective for insect nicotinic acetylcholine receptors (nAChR), but concern has been
expressed about non-target impacts of these pesticides (Hallman et al. 2014, Matsuda et al.
2001). A variety of sublethal effects of imidacloprid on mammals, birds, fish, and frogs,
including impacts on reproduction and growth, have been identified (reviewed by Gibbons et al.
2015). The proximity of stream salamanders to HWA treatments, sensitivity of salamanders to
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chemical contaminants, and the global decline of amphibians all necessitate research
investigating potential impacts of imidacloprid exposure on salamanders (Brühl et al. 2011,
Stuart et al. 2004). Research on neonicotinoids and salamanders is lacking, but research on the
effects of imidacloprid exposure on amphibians has been conducted on anurans (e.g. Ade et al.
2010, Pérez-Iglesias et al. 2014). Several studies have documented physiological changes in
anurans from imidacloprid exposure. Feng et al. (2004) demonstrated that imidacloprid is
genotoxic to the black-spotted pond frog (Pelophylax nigromaculatus) with DNA damage
increasing as aquatic concentrations increased. Similarly, imidacloprid exposure led to DNA
lesions in Montevideo tree frog (Hypsiboas pulchellus) tadpoles, although this effect was only
displayed at concentrations higher than typical field conditions (Pérez-Iglesias et al. 2014).
Imidacloprid exposure also decreased survival rates in northern cricket frogs (Acris crepitans;
Ade et al. 2010).
North America is a global hotspot for salamander diversity (Yap et al. 2015), and
salamanders are particularly abundant in the Appalachian Mountains (Petranka and Murray
2001). In headwater streams, salamanders are often the dominant vertebrates in terms of
abundance and biomass (Burton and Likens 1975, Davic and Welsh 2004). Loss of salamander
populations from headwater streams can have ecosystem-wide consequences because
salamanders can influence insect population dynamics, regulate detritus food webs, and link
stream and terrestrial food webs (Petranka 1998). Thus, salamander occupancy and abundance
can serve as an indicator of stream quality (Southerland et al. 2004) and ecosystem stress (Lowe
and Bolger 2002, Welsh and Ollivier 1998, Wood and Williams 2013).
The purpose of this study was to assess whether abundances of adult and larval
salamanders are associated with stream water imidacloprid concentrations, the presence of
imidacloprid or its metabolites in the environment, the presence of treated trees, or the number of
imidacloprid applications adjacent to a stream. We hypothesized that salamander abundances
would be lower in streams exposed to imidacloprid and would have a negative relationship with
water imidacloprid concentration and number of imidacloprid applications.
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2. METHODS
2.1 Study Sites
This study was conducted in the Monongahela National Forest (MNF) and two units of
the National Park Service (NPS): Gauley River National Recreational Area (GARI) and New
River Gorge National River (NERI) in West Virginia, USA (Fig. 1-1). Hemlock trees in the
MNF were treated with a single application of imidacloprid in 2014 or 2015. Hemlock stand
treatments in NPS units began in 2006 and have continued annually, including multiple
applications (2–7 times) at 10 of the sampling locations (Table 1-1). We did not select NPS
treatment sites if the last treatment occurred prior to 2011. We used ArcGIS 10.4 to identify
candidate streams based on proximity to HWA treatments. Candidate streams were visited to
determine whether the stream depth, stream substrate, and water flow speeds were suitable for
sampling salamanders and stream invertebrates. Additionally, we selected small streams that
generally did not have fish. Final study sites were selected based on the suitability of the streams
for sampling, the proximity of treated trees, or the absence of treatments for non-impacted sites.
Sites adjacent to HWA treatments had on average 306 ± 158.7 occurrences of imidacloprid
applications (range = 5–3993 applications), with applications representing individual tree
treatments.
We sampled headwater streams for stream salamanders in 24 sites in MNF, 14 sites in
NERI, and ten sites in GARI. Of these 48 sites, 26 were directly adjacent to HWA treatments and
22 were not adjacent to HWA treatments. Sites that were not adjacent to HWA treatments were
either a minimum of 100 m upstream of imidacloprid application or were in a watershed without
known HWA treatments. We selected 100 m as a minimum distance because Benton et al.
(2015) did not detect imidacloprid in stream sites that were 10–100 m upstream of treated trees,
and because stream salamanders typically have home ranges smaller than 100 m (reviewed by
Petranka 1998).

2.2 Water and Sediment Imidacloprid Extraction and Quantification
See thesis chapter 2, sections 2.2 and 2.3 for water and sediment sampling, imidacloprid
extraction, and imidacloprid quantification methods.
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2.3 Salamander Sampling
Within each of the 48 sites, we established three 3.3 x 2 m subplots for a total plot area of
10 x 2 m. One m of the subplot width was on the bank and one m was within the wetted stream
channel (Appendix 3-1). We primarily placed subplots in riffles (n = 123), but placed subplots in
runs (n = 13) or pools (n = 8) if the site did not have riffle habitat. We chose subplots that were
similar in terms of stream depth, substrate, canopy cover, vegetative community, and flow
regime. We completed salamander sampling in the NPS sites between April and July of 2017 and
in the MNF sites between April and July of 2018, sampling each site 6–7 times during the year.
We conducted surveys only during baseflow conditions. While moving upstream to prevent
stream sediment from flowing downstream and obscuring our view, we flipped every cover
object greater than 50 mm in diameter and searched through leaf packs. We recorded the number
of cover objects flipped while sampling.
We removed all captured salamanders and placed them in plastic bags. We identified all
salamanders to species, or genus when identification to species was not possible. After
processing, we returned salamanders to their point of capture. We noted the genus or species of
any escaped salamanders when possible. We considered Eurycea spp. and Gyrinophilus
porphyriticus with gills to be juveniles. We also classified Desmognathus monticola < 18 mm,
D. fuscus <15 mm, and D. ochrophaeus <12 mm to be juveniles (Bruce 1989, Danstedt 1975,
Tilley 1980). When possible, we recorded whether escaped salamanders were juveniles or adults.

2.4 Habitat variables measured
At each subplot during salamander sampling, we measured air temperature (°C) and
relative humidity with a weather meter (Kestrel 3000, Kestrel Instruments, Boothwyn,
Pennsylvania). After every sampling event, we measured stream depth (cm) in the center of the
plot. After most sampling events (5–6/year), we measured total dissolved solids (g/L), water
temperature (°C), and pH at each subplot using a low range pH/conductivity/TDS tester
(HI98129, Hanna Instruments, Woonsocket, Rhode Island). We measured canopy cover at each
subplot once during each sampling season using a 25 cm x 25 cm plexiglass grid which was
divided into 5 cm x 5 cm cells. We held the plexiglass grid overhead and visually estimated how
many cells were covered by the tree canopy and calculated % canopy cover (Haché et al. 2013).
We averaged the canopy cover measurements from the three subplots. Additionally, we
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estimated live hemlock basal area per hectare using a prism with a basal area factor of 10. At
each subplot, we sited trees through the prism to determine whether they should be tallied or
tallied as borderline. Borderline trees were counted as a half of a tree. We calculated basal area
per hectare by dividing the total tree tally by the number of sampling points (3) and multiplying
by the basal area factor (10). Once per season, we also visually estimated what percentage of the
stream portion of the subplots was cover by cobble (5–256 mm) or boulders (>256 mm). We
added % cobble and % boulder together to assess what percentage of the subplots were rocky
cover, and averaged across the three subplots.

2.5 Benthic surveys
During May – June 2017 and May – July 2018, we sampled macroinvertebrates at three
0.3 x 2 m subplots within each stream site so that total area sampled per stream was 0.3 x 6 m.
We collected the samples adjacent to salamander sampling plots. We collected the samples in
riffles (n = 128), except in several instances where riffles were not present. In these instances, we
collected samples in runs (n = 12) or pools (n = 1). We placed a 0.3 m wide D-net flush with the
bottom of the stream and disturbed the substrate upstream of the D-net for 30 seconds. We only
sampled sites in base flow conditions. We composited the three samples from each stream site
into one sample and stored the invertebrates in 75% ethanol. All organisms in each sample were
counted and body length of each was measured to the nearest mm using a millimeter grid placed
underneath a dissecting microscope (Carl Zeiss Microscope, Thornwood, New York). We
estimated macroinvertebrate biomass by using the length of each individual and length-weight
equations found in the literature (e.g., Benke et al. 1990; Sabo et al. 2002) and summed the
biomass estimates to obtain total biomass for each site.

2.6 Statistical Methods
We used single-season N-mixture models and a model selection approach to determine
influential predictors of salamander abundance (Kéry and Royle, 2016). N-mixture models use
both spatial and temporal replication of count data to jointly estimate abundance and detection
probability (p), and thus they account for observed numbers being a product of both ecological
and observational processes (Royle, 2004). We separated species capture datasets into adults and
juveniles because we would expect individual-level detection probability to differ between the
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two groups. We estimated abundance for Desmognathus fuscus adults, D. monticola adults, D.
ochrophaeus adults, Eurycea spp. adults, and G. porphyriticus juveniles. We excluded juveniles
D. fuscus, D. monticola, and D. ochrophaeus and adult G. porphyriticus due to low sample sizes,
and excluded Eurycea spp. juveniles due to high overdispersion (c-hat > 4).
For each abundance submodel, we tested Poisson, Zero-Inflated Poisson (ZIP), and
negative binomial (NB) distributions. We selected distributions based on the model’s AICc value
and whether the models converged. We selected the ZIP distribution for D. fuscus adults, D.
monticola adults, D. ochrophaeus adults, Eurycea spp. adults, and Eurycea spp. larvae. We
selected the Poisson distribution for G. porphyriticus larvae. No models converged when the NB
distribution was used. We assessed goodness-of-fit using the most complex candidate model and
a 1,000-replication parametric bootstrap of the Pearson chi-square statistic (Kéry and Royle,
2016). Goodness-of-fit tests revealed some overdispersion in the models for all species (D.
fuscus c-hat = 2.49; D. monticola c-hat = 2.08; D. ochrophaeus c-hat = 2.14; Eurycea spp. adults
c-hat = 1.36; G. porphyriticus c-hat = 2.05). We accounted for this overdispersion by ranking
models using Quasi Akaike’s information criterion, corrected for small sample (QAICc;
Symonds and Moussalli, 2011).
We first determined the strongest predictor(s) of detection probability (p) for each
salamander species. We tested relative humidity (%), number of cover objects flipped, water
temperature (°C; linear and quadratic), air temperature (°C; linear and quadratic), and water
depth (linear and quadratic). For all species, we also tested one additive model containing the
two predictors with the lowest QAICc (Table 3-1). We retained the most parsimonious p
submodel for all further analyses. Next, we determined the strongest habitat predictors of stream
salamander abundances for each species. We tested water total dissolved solids (TDS; ng/mL),
water pH, hemlock basal area per ha, total canopy cover (%), benthic macroinvertebrate biomass,
locality (MNF or NPS), and % rock for all species. We tested one additive model for each
species containing the two predictors with the lowest QAICc (Table 3-2). We retained the habitat
variables from the most parsimonious model for each species for all further analyses.
After selecting the most parsimonious p submodel and habitat variables, we individually
tested and ranked four predictors of imidacloprid exposure: imidacloprid water concentration
(ng/mL), number of imidacloprid applications, presence/absence of treated trees, and
presence/absence of environmental imidacloprid. The number of imidacloprid applications
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represented the total number of trees treated at a site, including retreatments of individual trees
across years, and thus served as a measure of treatment intensity. We defined presence of
environmental imidacloprid as imidacloprid being detected in the stream water or sediment,
imidacloprid metabolites being detected in the stream water or sediment, or treated trees being
present.
We used ∆QAICc and Akaike weight (wi) to assess model support, and considered
candidate models to have some support when ∆AICc < 7 (Burnham et al. 2011). We conducted
N-mixture model analyses using the package unmarked (Fiske et al. 2019; version 0.12 – 2) in
program R (R Core Team 2019; version 3.4.1), and model selection analyses using the package
AICcmodavg (Mazerolle 2019; version 2.1–1) in program R.

3. RESULTS
3.1 Water and Sediment Imidacloprid Concentration
Of the 48 sampled sites, 27 were directly adjacent to HWA treatments. Imidacloprid was
detected in the stream water at 24 sites, with a mean concentration of 49.83 ± 20.22 ng/mL
(range = 6.52 – 489.56 ng/mL; Table 1-1). Imidacloprid-urea was not detected in the stream
water at any site. We detected imidacloprid-olefin in the water at two sites, and we detected
imidacloprid in the water at both sites with detectable levels of imidacloprid-olefin. Imidacloprid
was detected in sediment at four sites, three of which were adjacent to HWA treatments. We did
not detect imidacloprid-olefin or imidacloprid-urea in the sediment at any site.

3.2. Salamander Abundances
We captured 431 D. fuscus adults, 496 D. monticola adults, 269 D. ochrophaeus adults,
125 Eurycea spp. adults, and 249 G. porphyriticus larvae. Of the 48 sampled sites, we detected
D. fuscus adults at 36 sites, D. monticola adults at 40 sites, D. ochrophaeus adults at 35 sites,
Eurycea spp. adults at 34 sites, and G. porphyriticus larvae at 41 sites. Mean estimated
abundance per site was 13.3 for D. fuscus adults, 5.5 for D. monticola adults, 8.4 for D.
ochrophaeus adults, 6 for Eurycea spp. adults, and 4.1 for G. porphyriticus larvae.
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3.3. Detection Probability
The variables included in the most parsimonious p submodels varied among the species
(Table 3-1). Number of cover objects flipped was a strong predictor for D. monticola. Relative
humidity was a strong predictor for D. monticola, D. ochrophaeus, and Eurycea spp. In addition,
air temperature (linear) was important for Eurycea spp., water depth (quadratic) was important
for D. ochrophaeus, and water depth (linear) was important for D. fuscus. Water temperature was
also important for D. fuscus. The most parsimonious p submodel for G. porphyriticus was the
null model (Table 3-1).

3.4 Habitat Variables
The most influential habitat variables also varied among the species (Table 3-2). The
most parsimonious model for D. fuscus abundance included TDS (wi = 0.49), and the most
supported abundance submodel for D. monticola included pH and hemlock basal area (wi =
0.78). The most parsimonious model for D. ochrophaeus included % rock (wi = 0.47). The most
parsimonious model for Eurycea spp. included TDS and canopy cover (wi = 0.32), and for G.
porphyriticus included biomass and TDS (wi = 0.40).
3.5 Imidacloprid Exposure
For all species except Eurycea spp., the null model (i.e., p variables and habitat variablesonly) received higher support than models containing a predictor of imidacloprid exposure
(Table 3-3). For Eurycea spp., the most supported model contained presence/absence of
environmental imidacloprid (Table 3-3), with presence positively correlated with abundance
(Table 3-4). For all species, models containing predictors of imidacloprid exposure did have
some support (Table 3-3). The four imidacloprid predictors were negatively correlated with D.
fuscus abundances, but confidence intervals for all models except for number of imidacloprid
applications overlapped with 0. Number of imidacloprid applications had a negative relationship
with abundances for D. fuscus, D. monticola, and D. ochrophaeus, but the 95% confidence
interval for D. ochrophaeus overlapped with 0. Presence of environmental imidacloprid also had
a negative relationship with D. monticola and D. ochrophaeus abundances, and presence of
treated trees had a negative relationship with D. ochrophaeus abundances. The abundances of D.
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monticola, D. ochrophaeus, Eurycea spp., and G. porphyriticus had inconsistent directional
relationships with imidacloprid predictors and the imidacloprid predictors (except number of
applications) had inconsistent directional relationships across species (Table 3-4).

4. DISCUSSION
Our results suggest that Desmognathus spp. abundances may be negatively affected by
HWA treatments, particularly number of imidacloprid applications and presence of treated trees.
However, we did not detect negative effects of imidacloprid exposure on Eurycea spp. or G.
porphyriticus. Previous studies have documented co-occurring salamander species having
differing responses to water quality degradation (Ryan et al. 2013). Obtaining different responses
among species could be due to physiological differences, habitat use, or activity patterns.
Widespread application of pesticides and herbicides to the global environment has
prompted studies which thus far have largely focused on physiological changes or impacts of
agricultural pesticides on amphibian populations (Brühl et al. 2011). Substantial anuran declines
in agricultural regions of California have been linked to pesticide exposure (Davidson 2004,
Sparling et al. 2001). Laboratory studies have shown that common pesticides can be lethally
toxic, decrease survival and survival to metamorphosis, and induce sublethal effects such as
altered behavior (Brühl et al. 2011, Metts et al. 2005). Exposure to chemical contaminants may
cause physiological changes in salamanders for months after exposure (Rohr 2009). Exposure to
pesticides and insecticides also induces immune system suppression and may increase
susceptibility to infectious diseases (Forson and Storfer 2006, Kerby and Storfer 2009).
In two concurrent studies, we documented physiological changes in salamanders due to
HWA treatments and imidacloprid exposure. Sublethal effects of imidacloprid exposure on
salamanders included bioaccumulation, reduced body condition indices, increased levels of the
stress hormone corticosterone, and impeded feeding behavior (see thesis chapter 2 and appendix
2-1). In these studies, we were not able to assess the potential sublethal effects of imidacloprid
exposure on G. porphyriticus or Eurycea spp., but we did detect both sublethal changes and
potential population level effects in Desmognathus spp. Future research will benefit from
examining relationships between sublethal effects and population level effects for diverse
amphibian species. Assessing what level of sublethal effects will correspond with a population
level effect will also be beneficial to forest managers.
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In this study, we were only able to assess the effects of imidacloprid on salamander
juveniles for G. porphyriticus because of a low sample size for Desmognathus larva and poorlyfitting models for Eurycea spp. juveniles. Researching potential impacts on juvenile amphibians
is an important avenue for future research on HWA treatments because previous research has
shown that juvenile and subadult amphibians have strong responses to pesticide exposure, likely
due to their high surface-to-volume ratio (Brühl et al. 2011). Additionally, potential effects of
HWA treatments on terrestrial salamanders are important to examine because they may have an
increased proximity to treated hemlocks.
The goal of this study was to inform managers of any unintended effects of imidacloprid
treatment on adjacent stream salamander populations. Hemlocks are a foundation species and
imidacloprid application will be necessary throughout much of the Eastern U.S. until other
alternatives to imidacloprid are developed (Ellison 2014, Havill et al. 2014). To our knowledge,
this was the first field-based study investigating the effects of imidacloprid treatments on
salamanders. We detected potential negative effects on Desmognathus spp. abundances, and thus
encourage managers to use caution when applying imidacloprid near streams or in areas with the
potential for imidacloprid to move into a stream. More field-based studies assessing the realworld effects of HWA treatment are necessary to allow for well-informed forest management
decisions.
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Table 3-1. Model selection results for detection (p) submodels. Detection predictors tested
included relative humidity (%), number of cover objects flipped, water temperature (°C; linear
and quadratic), air temperature (°C; linear and quadratic), and water depth (linear and quadratic).
For all species, we also tested one additive model containing the two predictors with the lowest
QAICc. Model selection was based on Quasi Akaike’s Information Criterion corrected for small
sample size (QAICc). The null model (.) only included the intercept.
Model
D. fuscus adults
Water Temperature + Water Depth
Water Temperature
Water Temperature + Water Temperature²
(.)
Water Depth
Cover Objects
Air Temperature
Relative Humidity
Water Depth + Water Depth²
Air Temperature + Air Temperature²
Julian Date
Julian Date + Julian Date²
D. monticola adults
Cover Objects + Relative Humidity
Cover Objects
Relative Humidity
Air Temperature
Air Temperature + Air Temperature²
(.)
Water Temperature
Water Temperature + Water Temperature²
Water Depth
Water Depth + Water Depth²
Julian Date
Julian Date + Julian Date²

Parameters

QAICc ΔQAICc

wi

6
5
6
4
5
5
5
5
6
6
5
6

508.27
510.23
512.67
514.22
514.80
515.62
515.90
516.09
517.94
518.45
787.30
790.18

0.00
1.95
4.39
5.95
6.52
7.34
7.63
7.82
9.67
10.17
279.02
281.90

0.60
0.23
0.07
0.03
0.02
0.02
0.01
0.01
0.00
0.00
0.00
0.00

6
5
5
5
6
4
5
6
5
6
5
6

443.00
450.14
464.43
468.57
469.87
471.37
471.86
471.92
473.85
476.35
611.38
614.02

0.00
7.14
21.43
25.58
26.87
28.37
28.86
28.92
30.85
33.35
168.38
171.02

0.97
0.03
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
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D. ochrophaeus adults
Water Depth + Water Depth² + Relative
Humidity
Water Depth + Water Depth²
Relative Humidity
(.)
Cover Objects
Water Depth
Air Temperature
Water Temperature
Air Temperature + Air Temperature²
Water Temperature + Water Temperature²
Julian Date
Julian Date + Julian Date²

7

375.39

0

0.61

6
5
4
5
5
5
5
6
6
5
6

377.63
379.23
381.58
381.66
381.91
383.47
383.98
384.95
386.27
494.8
497.81

2.24
3.84
6.18
6.27
6.51
8.08
8.59
9.56
10.87
119.4
122.42

0.20
0.09
0.03
0.03
0.02
0.01
0.01
0.01
0.00
0.00
0.00

Eurycea spp. adults
Air Temperature + Relative Humidity
Relative Humidity
Air Temperature
Air Temperature + Air Temperature²
Water Depth
Water Temperature + Water Temperature²
Water Temperature
(.)
Water Depth + Water Depth²
Cover Objects
Julian Date
Julian Date + Julian Date²

6
5
5
6
5
6
5
4
6
5
5
6

359.52
360.62
374.58
375.40
398.62
399.94
401.04
403.77
409.83
419.20
488.73
491.93

0.00
1.09
15.06
15.87
39.10
40.41
41.52
44.25
50.30
59.68
129.21
132.41

0.63
0.37
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00

G. porphyriticus larva
(.)
Cover Objects
Relative Humidity
Air Temperature
Water Temperature
Water Depth
Cover Objects + Humidity
Water Temperature + Water Temperature²
Air Temperature + Air Temperature²
Water Depth + Water Depth²
Julian Date
Julian Date + Julian Date²

3
4
4
4
4
4
5
5
5
5
4
5

365.64
365.82
367.94
367.94
368.01
368.02
368.31
369.95
370.42
370.54
430.31
435.09

0.00
0.17
2.30
2.30
2.37
2.37
2.67
4.31
4.78
4.90
64.66
69.44

0.27
0.25
0.09
0.09
0.08
0.08
0.07
0.03
0.02
0.02
0.00
0.00
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Table 3-2. Model selection results for habitat variables submodels. Habitat predictors tested
included water total dissolved solids (TDS; ppm), water pH, hemlock basal area per hectare, total
canopy cover (%), % of plot covered by boulders or cobble, and benthic macroinvertebrate
biomass. We also tested the predictor % bank leaf cover for D. ochrophaeus. For all species, we
also tested one additive model containing the two predictors with the lowest QAICc. Model
selection was based on Quasi Akaike’s Information Criterion corrected for small sample size
(QAICc). The null model (.) included the most parsimonious detection (p) model.
Model
D. fuscus adults
TDS
TDS + pH
pH
Total Canopy
Locality
(.)
Hemlock Basal Area/ha
Biomass
% Rock
D. monticola adults
Hemlock Basal Area/ha +
pH
pH
Hemlock Basal Area/ha
(.)
Total Canopy
Locality
% Rock
Biomass
TDS
D. ochrophaeus adults
% Rock
% Rock + Total Canopy
(.)
Total Canopy
pH
TDS
Biomass
Hemlock Basal Area/ha
Locality

Parameters

QAICc

ΔQAICc

wi

6
7
6
6
6
5
6
6
6

502.53
503.84
504.49
507.80
509.45
510.23
510.95
512.03
512.37

0.00
1.30
1.96
5.27
6.91
7.69
8.41
9.50
9.84

0.49
0.25
0.18
0.03
0.02
0.01
0.01
0.00
0.00

8

432.82

0.00

0.78

7
7
6
7
7
7
7
7

435.76
440.10
443.00
443.62
444.10
444.48
445.16
445.37

2.94
7.29
10.18
10.80
11.29
11.67
12.34
12.55

0.18
0.02
0.00
0.00
0.00
0.00
0.00
0.00

8
9
7
8
8
8
8
8
8

372.22
373.74
375.39
375.79
376.52
377.71
377.93
378.28
382

0
1.52
3.18
3.57
4.3
5.5
5.71
6.06
9.78

0.47
0.22
0.1
0.08
0.05
0.03
0.03
0.02
0
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Eurycea spp. adults
Total Canopy + TDS
TDS
Total Canopy
Locality
(.)
Biomass
pH
Hemlock Basal Area/ha
% Rock

8
7
7
7
6
7
7
7
7

354.23
354.49
354.79
356.43
359.52
361.04
361.18
362.2
362.27

0
0.26
0.56
2.2
5.29
6.81
6.95
7.97
8.04

0.32
0.28
0.24
0.11
0.02
0.01
0.01
0.01
0.01

G. porphyriticus larva
Biomass + TDS
Biomass
TDS
% Rock
(.)
Locality
pH
Total Canopy
Hemlock Basal Area/ha

5
4
4
4
3
4
4
4
4

361.64
362.43
363.93
365.47
365.64
367.33
367.66
367.72
367.93

0.00
0.80
2.29
3.83
4.01
5.69
6.02
6.09
6.29

0.40
0.27
0.13
0.06
0.05
0.02
0.02
0.02
0.02
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Table 3-3. Model selection results for imidacloprid predictors. Predictors include imidacloprid
concentration in the water (ng/mL; Concentration), number of imidacloprid applications
(Number), presence of environmental imidacloprid (Presence), presence of treated trees (Trees).
Model selection was based on Quasi Akaike’s Information Criterion corrected for small sample
size (QAICc). The null model included the most parsimonious detection (p) model and the most
parsimonious habitat model.
Model
D. fuscus adults
TDS
TDS + Trees
TDS + Presence
TDS + Concentration
TDS + Number

Parameters

QAICc ΔQAICc

wi

6
7
7
7
7

312.54
315.17
315.24
315.37
317.10

0.00
2.63
2.70
2.82
4.65

0.53
0.14
0.14
0.13
0.05

D. monticola adults
pH + Hemlock Basal Area/Acre
pH + Hemlock Basal Area/Acre + Presence
pH + Hemlock Basal Area/Acre + Trees
pH + Hemlock Basal Area/Acre + Concentration
pH + Hemlock Basal Area/Acre + Number

8
9
9
9
9

432.82
433.91
434.59
435.76
436.17

0.00
1.09
1.78
2.95
3.35

0.42
0.24
0.17
0.10
0.08

D. ochrophaeus adults
Rock
Rock + Trees
Rock + Presence
Rock + Number
Rock + Concentration

8
9
9
9
9

375.89
377.38
377.40
377.46
377.99

0.00
1.50
1.51
1.57
2.11

0.36
0.17
0.17
0.17
0.13

Eurycea spp. adults
TDS + Presence
TDS
TDS + Trees
Trees + Concentration
Trees + Number

8
7
8
8
8

353.60
354.49
357.03
357.13
582.09

0.00
0.88
3.43
3.53
228.48

0.50
0.32
0.09
0.09
0.00

G. porphyriticus larva
Biomass
Biomass + Concentration
Biomass + Presence
Biomass + Number
Biomass + Trees

4
5
5
5
5

362.43
362.93
363.35
365.54
373.98

0.00
0.50
0.91
3.10
11.54

0.38
0.30
0.24
0.08
0.00
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Table 3-4. Parameter estimate (β) and standard errors (SE) for imidacloprid predictors. Predictors
include imidacloprid concentration in the water (ng/mL; Concentration), number of imidacloprid
applications (Number), presence of environmental imidacloprid (Presence), presence of treated
trees (Trees).
Imidacloprid Predictor
D. fuscus adults
Concentration
Number
Presence
Trees

β

SE

95% CI

-0.001
-0.001
-0.22
-0.21

0.001
0
0.13
0.12

(-0.002 – 0.001)
(-0.0009 – -0.0006)
(-0.47 – 0.02)
(-0.43 – 0.02)

D. monticola adults
Concentration
Number
Presence
Trees

0.001
-0.001
-0.32
-0.26

0.001
0
0.16
0.16

(-0.002 – 0.003)
(-0.001 – -0.0005)
(-0.63 – -0.01)
(-0.56 – 0.06)

0
-0.0004
-0.33
-0.33

0.0007
0.0005
0.17
0.15

(-0.001 – 0.002)
(-0.001 – 0.001)
(-0.66 – -0.007)
(-0.63 – -0.03)

-0.003
0
0.51
0.14

0.003
0
0
0.2

(-0.008 – 0.003)
(-0.0002 – 0.0002)
(0.07 – 0.94)
(-0.25 – 0.52)

0.002
0
0.37
-0.16

0.001
0
0.21
0.15

(0.0003 – 0.004)
(-0.0003 – 0)
(-0.05 – 0.79)
(-0.45 – 0.12)

D. ochrophaeus adults
Concentration
Number
Presence
Trees
Eurycea spp. adults
Concentration
Number
Presence
Trees
G. porphyriticus larva
Concentration
Number
Presence
Trees
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Appendix 3-1. Salamander sampling subplot layout. Each site had three 3.3 x 2 m subplots with
1 m of the width on the bank and 1 m of the width in the stream channel.
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Appendix 3-2. Summary of means ± SE for multiple measures of stream habitat for sites without
environmental imidacloprid (absent; n = 14) and with environmental imidacloprid (present;
n=34). We defined sites as having environmental imidacloprid if imidacloprid or its metabolites
were detected in the water or sediment, or if the stream was adjacent to HWA treatments.
Absent

Present

14.71 ± 0.57

14.25 ± 0.21

6.9 ± 0.17

6.9 ± 0.08

Water Conductivity (ng/mL)

62730 ± 23000

46760 ± 10110

Water TDS (ng/mL)

31520 ± 12330

23050 ± 5080

32.88 ± 5.71

32.65 ± 3.48

7.68 ± 1.79

5.77 ± 0.66

123.24 ± 14.07

133.34 ± 12.98

8.12 ± 1.30

6.75 ± 0.66

Total Canopy Cover (%)

49.79 ± 9.07

58.94 ± 6.11

Stream Substrate (%)
% Sand

14.79 ± 3.85

16.82 ± 2.68

% Gravel

12.67 ± 2.85

14.2 ± 2.19

% Cobble

33.24 ± 4.86

30.1 ± 4.05

% Boulder

8.98 ± 2.69

16.67 ± 3.4

% Bedrock

3.57 ± 2.38

0.87 ± 0.53

% Pebble

8.26 ± 1.79

7.35 ± 1.37

12.05 ± 4.29

7.38 ± 1.82

5.26 ± 1.81

4.76 ± 1.01

61.46 ± 13.49

86.94 ± 11.24

227.29 ± 43.21

201.22 ± 33.82

Water Temp (°C)
Water pH

Bank Leaf Cover (%)
Water Depth (cm)
Wetted Stream Width (cm)
Stream Gradient (°)

% Silt
% Detritus
Hemlock basal area/ha
Biomass (g)
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Appendix 3-3. Summary of means ± SE for number of salamanders detected during one survey
per site in the Monongahela National Forest (MNF) and two units of the National Park Service
(NPS) for sites without environmental imidacloprid (absent; n = 14) and with environmental
imidacloprid (present; n=34). We defined sites as having environmental imidacloprid if
imidacloprid or its metabolites were detected in the water or sediment, or if the stream was
adjacent to HWA treatments.
.

D. fuscus
adult
juvenile
D. monticola
adult
juvenile
D. ochrophaeus
adult
juvenile
Desmognathus
spp.
adult
juvenile
Eurycea spp.
adult
juvenile
G. porphyriticus
adult
juvenile
Total captures
adult
juvenile

MNF
Absent (n=8) Present (n=16)

NPS
Absent (n=7)
Present (n=17)

0.28 ± 0.15
0.02 ± 0.02

1.29 ± 0.34
0.01 ± 0.01

1.75 ± 0.75
0.14 ± 0.12

1.53 ± 0.45
0.10 ± 0.09

2.25 ± 0.58
0.13 ± 0.11

2.10 ± 0.46
0.20 ± 0.15

1.17 ± 0.28
0.11 ± 0.09

1.10 ± 0.36
0.2 ± 0.13

1.42 ± 0.60
0.00 ± 0.00

1.24 ± 0.54
0.08 ± 0.08

0.28 ± 0.18
0.00 ± 0.00

0.55 ± 0.19
0.02 ± 0.02

0.14 ± 0.14
0.04 ± 0.04

0.27 ± 0.17
0.04 ± 0.04

0.89 ± 0.39
0.19 ± 0.15

0.59 ± 0.28
0.25 ± 0.17

0.22 ± 0.16
0.21 ± 0.17

0.32 ± 0.21
0.70 ± 0.65

0.64 ± 0.34
6.11 ± 2.49

0.56 ± 0.33
2.68 ± 0.99

0.00 ± 0.00
0.64 ± 0.25

0.10 ± 0.06
0.81 ± 0.31

0.00 ± 0.00
0.56 ± 0.21

0.00 ± 0.00
1.06 ± 0.41

4.26 ± 0.88
1.04 ± 0.40

4.84 ± 0.95
1.84 ± 0.94

4.72 ± 1.11
7.11 ± 2.58

4.31 ± 1.01
4.07 ± 1.15
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CHAPTER 4: BENTHIC MACROINVERTEBRATE COMMUNITY RESPONSES TO
IMIDACLOPRID EXPOSURE

ABSTRACT
Hemlock woolly adelgid is an invasive insect that is causing widespread declines in eastern
hemlock (Tsuga canadensis). Currently, the most effective method of preventing hemlock loss is
application of imidacloprid, a neonicotinoid insecticide. Concerns have been raised about the
negative effects of imidacloprid application on non-target insects. Imidacloprid exposure can
inhibit feeding and foraging, cause immobility, and lead to declines in emergence in benthic
macroinvertebrates. In this study, we assessed the effects of imidacloprid application to benthic
macroinvertebrate communities in adjacent streams. We sampled benthic macroinvertebrates in
48 headwater streams in the Monongahela National Forest (MNF) and two National Park Service
(NPS) units, New River Gorge National River and Gauley River National Recreation Area, in
West Virginia, 26 of which were directly adjacent to or downstream of imidacloprid
applications. We calculated seven metrics of biotic integrity, including GLIMPSS, WVSCI, and
biomass, and compared them to four measures of imidacloprid exposure. We found negative
relationships between treated streams and community metrics at MNF sites, but not NPS sites,
indicating that responses to imidacloprid exposure may vary by geographic region due to other
past or current environmental factors. We also completed a community functional traits analysis
and compared the traits to presence of imidacloprid in the environment and presence of treated
trees. Functional traits did not differ between sites with and without environmental imidacloprid
or treated trees, but variation in functional traits did differ in MNF. We conclude that application
of imidacloprid appears to be negatively affecting benthic macroinvertebrate community
composition in the MNF, but impacts are not strong in the NPS units.
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1. INTRODUCTION
Eastern hemlock (Tsuga canadensis) is a late-successional and ecologically important
species that provides critical habitat for diverse taxa such as birds, mammals, herpetofauna, and
fish (Becker et al. 2008, Ellison 2014, Snyder et al. 2002, Tingley et al. 2002). Hemlocks
typically grow near headwater streams and influence stream characteristics such as temperature,
nutrient cycling, and the biotic communities within the streams (Ellison et al. 2010, Havill et al.
2014). Hemlock-dominated stands produce deep shade and slowly-decomposing litter, creating
damp and cool microclimates (Mathewson 2009). These characteristics enable aquatic
macroinvertebrate species that are intolerant of seasonal drying to persist in streams within
hemlock forests, resulting in high macroinvertebrate diversity (Snyder et al. 2002). Several
macroinvertebrate taxa show strong associations with hemlock forests (Snyder et al. 2002).
However, hemlock populations are declining due to infestations by the invasive hemlock woolly
adelgid (HWA; Adelges tsugae), which causes mortality in both eastern hemlock and the less
widely distributed Carolina Hemlock (T. caroliniana) (Havill et al. 2014, Ward et al. 2004).
Treatment with the neonicotinic insecticide imidacloprid is one of the most commonly
used and effective methods to manage HWA infestations (Webb et al. 2003), but it can leach
from HWA treatment areas into adjacent stream systems (Benton et al. 2016, Churchel et al.
2011, Wiggins et al. 2018). Several characteristics of imidacloprid make it more susceptible to
leaching than many other pesticides. Its high water solubility allows for leaching into
groundwater and streams (US EPA 2003), while its low volatility and a low soil adsorption
coefficient makes it highly mobile in soil with low organic matter (Ding et al. 2011, Liu et al.
2002). These characteristics, in conjunction with the general proximity of hemlock forests to
riparian areas, increase the risk of imidacloprid leaching into stream systems (Ding et al. 2011).
Although imidacloprid begins to break down quickly in surface water when exposed to sunlight,
continual leaching into stream systems may maintain imidacloprid presence in stream systems
near treated hemlocks (Benton et al. 2016, Wamhoff and Schneider 1999).
Numerous laboratory and mesocosm studies have demonstrated both sub-lethal and lethal
impacts of imidacloprid on benthic macroinvertebrates. Imidacloprid can inhibit feeding and
foraging behavior (Alexander et al. 2007, Kreutzweiser et al. 2008), cause immobility
(Alexander et al. 2007), and prompt downstream drift, which is a reaction to environmental
disturbances in which stressors such as toxicants cause invertebrates to become dislodged and
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move downstream (Beketov and Liess 2008, Berghahn et al. 2012). Pulses of low concentrations
of imidacloprid led to decreases in survival and emergence of Ephemeroptera, Tanypodinae, and
Orthocladiinae, and an increase in the survival of Radix spp., which is a non-sensitive genus of
snail (Columbo et al. 2013). Pulses of imidacloprid simulating runoff during rain events caused
significant declines in benthic macroinvertebrate abundances and community diversity (Pestana
et al. 2009).
While laboratory studies have clearly shown that exposure to imidacloprid impacts
benthic macroinvertebrates, previous field studies have found that effects are not always strong
in real-world systems. In an agricultural system in the Netherlands, concentration of imidacloprid
in surface water was strongly negatively correlated with abundance of aquatic
macroinvertebrates (Van Dijk et al. 2013). In contrast, macroinvertebrate functional feeding
group richness and life habit (i.e. burrower, clinger) richness did not differ between control
streams and streams with known imidacloprid presence from HWA treatments in Great Smoky
Mountains National Park (Benton et al. 2017). Similarly, benthic macroinvertebrate communities
in streams adjacent to HWA treatments in Georgia and North Carolina did not respond
negatively to imidacloprid exposure, however, imidacloprid was only detected in one study
stream over the course of the study (Churchel et al. 2011).
The purpose of our study was to investigate whether HWA treatments using imidacloprid
are adversely affecting benthic macroinvertebrate communities in adjacent headwater streams.
To accomplish this goal, our objectives included: 1) quantify the concentration of imidacloprid
and its metabolites, imidacloprid-urea and imidacloprid-olefin in the water and identify presence
of imidacloprid and metabolites in sediment of streams near HWA treatments, and compare four
measures of imidacloprid exposure to: 2) metrics of benthic macroinvertebrate abundance,
diversity, and biomass, and 3) benthic macroinvertebrate traits and functional groups.

2. METHODS
2.1 Study Sites
This study was conducted in the Monongahela National Forest (MNF) and two units of
the National Park Service (NPS): Gauley River National Recreational Area (GARI) and New
River Gorge National River (NERI) in West Virginia, USA (Fig. 4-1). Hemlock stands in the
MNF were treated with a single application of imidacloprid in 2014 or 2015. Hemlock stand
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treatments in NPS units began in 2006 and have continued annually, including multiple
applications (1–7 times) at 10 of the sampling locations (Table 1-1). We did not select NPS
treatment sites if the last treatment occurred prior to 2011.
We used ArcGIS 10.4 (ESRI 2016) to identify candidate streams based on proximity to
HWA treatments. We visited candidate streams to determine whether the stream depth, stream
substrate, and water flow speeds were suitable for sampling benthic macroinvertebrates. We
made our final study site selections based on the suitability of the streams for sampling, the
proximity of treated trees, or the absence of treatments for non-impacted sites. The average site
adjacent to HWA treatments had 306 ± 158.7 occurrences of imidacloprid applications (range =
5–3993 applications), with applications representing individual tree treatments.
We sampled headwater streams for benthic macroinvertebrates in 24 sites in MNF, 14
sites in NERI, and ten sites in GARI. Of these 48 sites, 27 were directly adjacent to HWA
treatments and 21 were not adjacent to HWA treatments. Sites that were not adjacent to HWA
treatments were either a minimum of 100 m upstream of imidacloprid application or were in a
watershed without known HWA treatments. We selected 100 m as a minimum distance because
Benton et al. (2016) did not detect imidacloprid in stream sites that were 10–100 m upstream of
HWA treatments. For all analyses, however, we excluded one sampled site in GARI that was an
extreme outlier for its imidacloprid concentration and the number of invertebrates collected. This
stream was an ephemeral, drying stream with only 1 pool of water available by the time
sampling occurred. Only 1 macroinvertebrate was collected, and the site had the highest
imidacloprid concentration (489.6 ng/mL in the water).

2.2 Water and Sediment Imidacloprid Extraction and Quantification
See thesis chapter 2, sections 2.2 and 2.3 for water and sediment sampling, imidacloprid
extraction, and imidacloprid quantification methods.

2.3 Benthic macroinvertebrate sampling
During May–June 2017 and May–July 2018, we sampled macroinvertebrates at three 0.3
x 2 m subplots within each stream site so that total area sampled per stream was 0.3 x 6 m.
Because this study was concurrent with a study on stream salamanders, we collected samples
adjacent to the salamander sampling plots (see thesis chapter 3, section 2.3). We collected the
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samples in riffles when available (n=128 subplots). When riffles were not present on sampling
plots, we collected samples in runs (n=12) or pools (n=1). We collected invertebrates by placing
a 0.3 m wide D-net flush with the bottom of the stream and disturbing the substrate upstream of
the D-net for 30 seconds. We only conducted sampling in base flow conditions. We composited
the three samples from each stream site into one sample and stored the invertebrates in 75%
ethanol until identification.
All invertebrates were identified by a certified taxonomist to the lowest possible
taxonomic level, except for Chironomidae, which were identified as either Tanypodinae or nonTanypodinae due to the high diversity of Chironomidae in WV (over 100 genera) and difficulty
of identification to the genus level (Pond et al. 2011). All organisms in each sample were
counted and body length of each was measured to the nearest mm using a millimeter grid placed
underneath a Zeiss dissecting microscope (Carl Zeiss Microscope, Thornwood, New York). We
estimated macroinvertebrate biomass by using the length of each individual and length-weight
equations published in the literature (e.g. Benke et al. 1990; Sabo et al. 2002) and summed the
biomass estimates to obtain total estimated biomass for each site.

2.4 Benthic macroinvertebrate response metrics
We calculated two assemblage-level multi-metric indices (MMI) to evaluate stream
impairment status, GLIMPSS (CF) (genus level index of most probable stream status) and
WVSCI (West Virginia Stream Condition Index). GLIMPSS (CF) is a variation of GLIMPSS
that does not require genus-level identification of Chironomidae (Pond et al. 2011). GLIMPSS is
calibrated by season and region and assigns metric values to each stream on a 100-point scale
and then averages the scores to create the GLIMPSS score. If a sample was collected before June
1 of each year, we used the “mountain spring calculator”, and if a sample was collected after
June 1 of each year, we used the “mountain summer calculator” (Pond et al. 2011). We used
slightly modified sampling methods (i.e. full sample processing and sampling a 0.3 x 6 m area)
for calculating GLIMPSS, and therefore the GLIMPSS values in this study are not useable for
their original purpose of identifying reference and stressed streams relative to all streams in WV.
However, the GLIMPSS values are valid for comparing the sites in this study among each other.
It is impossible to directly compare GLIMPSS scores across different seasons or regions, so we
calculated a “percent of threshold” value for each sample by dividing the GLIMPPS score by the
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5th percentile for that region and multiplying by 100. The 5th percentile for the mountain spring
sites was 53 and the 5th percentile for the mountain summer sites was 55. When comparing to the
5th percentile of the reference distribution, streams with a percent of threshold value of >100%
are considered to be unimpaired and streams with a percent of threshold value of <100% are
considered to be impaired (Pond et al. 2011). WVSCI is a family-level MMI that is not stratified
by season or region (Gerristen et al. 2000). It is calculated from six metrics: total number of
families, number of Ephemeroptera + Plecoptera + Trichoptera (EPT) families, family-level
Hilsenhoff Biotic Index (HBI), % 2 dominant families, and % Chironomidae individuals to give
streams scores from 0 – 100 (Gerristen et al. 2000).
In addition to GLIMPSS and WVSCI, we assessed total benthic macroinvertebrate
biomass and four individual indices of biotic integrity that are used to calculate GLIMPSS
values. These variables were genus richness, percentage of taxa which are EPT taxa (% EPT),
percent of taxa which are Chironomidae and Annelida (% Chironomidae and Annelida), and
percent of genera which are of the five most dominant genera (%5 Dominant Genera). We
predicted that GLIMPSS, WVSCI, and biomass would be lower in streams with imidacloprid
presence. We also predicted that genus richness and percentage of taxa which are EPT taxa
would be lower with imidacloprid presence, and that percentage of taxa which are Chironomidae
and Annelida and percent of genera which are of the five most dominant genera would increase
with imidacloprid presence.

2.5 Statistical Analysis
Prior to assessing responses of macroinvertebrate community metrics to imidacloprid
exposure, we determined if there was strong geographic variation in site-level community
composition, independent of imidacloprid application. We used non-metric multidimensional
scaling (NMDS) to determine if site-level community composition varied among our study areas
(i.e., MNF, NERI, and GARI). We also used permutational analysis of variance (perMANOVA)
to test the null hypothesis that there were not significant differences in site-level community
composition between study areas (Anderson 2001). The NMDS showed a strong geographic split
between MNF and the two NPS localities (NERI and GARI) and perMANOVA detected
significant differences in community composition between the MNF and NPS sites (Appendix 41). Thus, we included locality (MNF or NPS) as a predictor in all models containing predictors
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of imidacloprid exposure. We conducted the NMDS using the package vegan (Oksanen 2019;
version 2.5 – 5) in program R (R Core Team 2019; version 3.4.1).
We used linear regressions or beta regressions and a model selection approach using
Akaike’s Information Criterion corrected for small sample size (AICc) to assess responses of the
seven community metrics to imidacloprid exposure (Burnham et al. 2011, Zuur et al. 2009). We
used beta regressions for the metrics that represented percentages (transformed to proportions;
Ferrari and Cribari-Neto 2004). We visually assessed assumptions of normality and
heteroscedasticity using graphical diagnostics (Cribari-Neto and Zeileis 2010, Zuur et al. 2010).
We square root transformed total biomass to satisfy the assumption of normality. For the % EPT
analysis, we removed three sites that represented proportions of 0 or 1 to facilitate model
convergence. We created linear regressions using the generalized least squares (GLS) function
and a constant variance structure in the package nlme (Pinheiro et al. 2016; version 3.1 – 137).
We created beta regressions using the package betareg (Zeileis and Cribari-Neto 2018; version
3.1 – 2).
For each model selection, candidate models included an intercept-only (null) model,
locality, and four predictors of imidacloprid exposure in our analyses: imidacloprid water
concentration (ng/mL), number of imidacloprid applications, presence/absence of treated trees,
and presence/absence of environmental imidacloprid (Table 4-1). The number of imidacloprid
applications represented the total number of trees treated at a site, including retreatments of
individual trees across years, and thus served as a measure of treatment intensity. We defined
presence of environmental imidacloprid as imidacloprid being detected in the stream water or
sediment, imidacloprid metabolites being detected in the stream water or sediment, or treated
trees being present. For each imidacloprid exposure predictor, we included models containing
additive and interactive effects with locality. We used ∆AICc and Akaike weight (wi) to assess
model support, and considered candidate models to have support when ∆AICc < 7.
Finally, we assessed how imidacloprid in the environment relates to the prevalence of
functional traits (e.g., feeding group, respiration type) within the macroinvertebrate communities.
Functional traits analyses investigate changes in function across a community rather than only
changes in taxa (Poff et al. 2006, Cummins 2016). We assigned 20 functional traits to each taxon
using Poff et al. (2006), the EPA database (U.S. EPA 2012) when appropriate, or the next most
similar known taxa (Appendix 4-2). We used NMDS and the Jaccard distance metric to compare
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functional groups between sites with and without environmental imidacloprid exposure, and
between sites with and without treated trees (Legendre and Legendre 2012). We used
permutational analysis of variance (perMANOVA) to test the null hypothesis that there were not
significant differences in functional traits between groups (Anderson 2001). We also assessed
differences in group variance using a multivariate homogeneity of groups dispersions test
(Anderson 2006). We conducted the functional traits analyses using the package vegan in
program R.

3. RESULTS
3.1 Water and Sediment Imidacloprid Concentration
Imidacloprid was detected in the stream water at 24 sites (Appendix 4-3). Excluding the
one outlier site described in section 1.1, stream water had a mean concentration of 15.03 ± 4.02
ng/mL (range = 6.52 – 121.43 ng/mL). Imidacloprid-urea was not detected in the stream water at
any site. We detected imidacloprid-olefin in the water at two sites, and we detected imidacloprid
in the water at both sites with detectable levels of imidacloprid-olefin. Imidacloprid was detected
in sediment at seven sites, four of which were adjacent to HWA treatments, and two of which
had no imidacloprid detected in water (Table 1-1). We did not detect imidacloprid-olefin or
imidacloprid-urea in the sediment at any site. Of the 47 sites used for analyses, we classified 33
sites as present and 14 sites as absent for environmental imidacloprid (Appendix 4-3).

3.2 Community Metrics
We collected 8764 benthic macroinvertebrates in this study, 7999 of which were
identified to genus. Mean invertebrate abundance per site was 186.4±24.4 and abundances per
site ranged from 6 to 842 individuals.
The most parsimonious models for GLIMPSS, WVSCI, % Chironomidae and Annelida,
and %5 Dominant Genera all included an interaction between locality and presence of
environmental imidacloprid, and the second most supported model for biomass contained an
interaction between locality and presence of environmental imidacloprid (Table 4-1). There was
support for an additive model containing locality and water imidacloprid concentration for %
EPT. An additive model containing locality and presence of treated trees was the second most
supported for genus richness and was also a supported model for % EPT. There also was
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evidence to support models containing number of imidacloprid applications and water
concentration for all predictors except for % 5 Dominant Genera.
Models containing locality received more support than the null model for all community
metrics except biomass (Table 4-1). The directional effects of presence of environmental
imidacloprid differed depending on locality (MNF or NPS) for four of the five models containing
an interaction term (Table 4-2). GLIMPSS score, WVSCI score, and biomass were lower at sites
with environmental imidacloprid in MNF and higher at sites with environmental imidacloprid in
NPS (Fig. 4-2). % Chironomidae and Annelida was similar at sites with and without
environmental imidacloprid in MNF and NPS. Confidence intervals (95% CI) for model
predicted values mostly did not overlap for GLIMPSS and WVSCI in presence/absence MNF
sites, but CIs overlapped for GLIMPSS and WVSCI in the NPS sites. CIs also overlapped for all
other metrics between MNF and NPS presence/absence sites. Genus richness was negatively
associated with presence of treated trees, but the CI overlapped 0 (Table 4-2). Percent EPT was
positively associated with imidacloprid water concentration, but the CI overlapped 0 (Table 4-2).
A jaccard-based NMDS of MNF sites (stress = 0.0183) did not result in significantly
different groups based on presence/absence of environmental imidacloprid (p = 0.93), however,
the difference in variation between sites with and without environmental imidacloprid was
significant (p < 0.05). A jaccard-based NMDS of NPS sites (stress = 0.0231) did not result in
significantly different groups based on presence/absence of environmental imidacloprid (p =
0.31) and the difference in variation between sites with and without environmental imidacloprid
was non-significant (p = 0.55; Fig. 4-3).
A jaccard-based NMDS of MNF sites (stress = 0.0183) did not result in significantly
different groups based on presence/absence of treated trees (p = 0.93), and the difference in
variation between sites with and without treated trees was not significant (p = 0.74). A jaccardbased NMDS of NPS sites (stress = 0.0231) did not result in significantly different groups based
on presence/absence of treated trees (p = 0.74) and the difference in variation between sites with
and without treated trees was non-significant (p = 0.37; Fig. 4-4).

4. DISCUSSION
The presence of environmental imidacloprid and the presence of treated trees are
influential predictors of numerous indices of biotic integrity. We predicted that GLIMPSS,
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WVSCI, %EPT, and biomass would be lower in sites with environmental imidacloprid, but this
was only true for sites within MNF. In NPS, GLIMPSS, WVSCI, %EPT, and biomass were
higher in streams with environmental imidacloprid. Thus, imidacloprid exposure appeared to
have a negative impact on benthic macroinvertebrate communities in MNF, but not NPS, sites.
There may be intrinsic differences in imidacloprid treatments or sites between MNF and
NPS that we did not account for in this study that influenced the differences in community
responses. For example, historical land uses continue to impact the abiotic and biotic
environment in the Appalachian region (e.g. McTammany et al. 2007) and differences in
historical land disturbances between MNF and NPS may have contributed to the different
responses to imidacloprid exposure. During the early 20th century, MNF, like much eastern
National Forest land, was widely logged and clearcut and the NPS units were logged, mined, and
disturbed by railroads (Good and Stasick 2008, Shands 1991). Mining can have strong and longlasting effects on benthic communities (Pond et al. 2014). Physical, chemical, and biological
conditions of streams, including benthic macroinvertebrate metrics, are influenced by historical
land uses, and historical land use may be more influential than current land use on benthic
macroinvertebrate diversity (Harding et al. 1998, Maloney et al. 2008). Additionally, most MNF
sites were treated with imidacloprid more recently than NPS sites, which also could have
influenced the results. Imidacloprid concentrations are at their highest soon after treatment and
during rain events (Churchel et al. 2011). It is possible that larger effects on invertebrate
communities can be detected after precipitation washes high imidacloprid concentrations into
streams. The assumption that there are additional external factors influencing responses at NPS
sites is supported by the wide CI for every community metric (see Fig. 4-2), indicating there is a
large amount of variance at these sites that our models do not explain.
We calculated both GLIMPSS and WVSCI to assess whether genus-level identification
was necessary to detect changes in community composition. GLIMPSS and WVSCI had the
same directional responses to presence of environmental imidacloprid and similar response
magnitudes. Future studies assessing effects of HWA treatments in WV may be able to save
resources by identifying samples only to family without decreasing the ability to detect changes.
We did not detect a difference in community composition based on functional traits between
sites with/without environmental imidacloprid or treated trees, but we did detect a difference in
variation between sites with and without environmental imidacloprid in MNF. Variance
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increased in sites with environmental imidacloprid, indicating an increase in variation in what
functional traits were present at each site. Increased variation may indicate the imidacloprid
exposure is selectively removing certain traits from the communities. Further analyses are
warranted investigating which functional traits or combinations of traits are more affected by
imidacloprid treatments.
Although laboratory and mesocosm studies have documented sublethal and lethal effects
of imidacloprid on benthic macroinvertebrates (Alexander et al. 2007, Beketov and Liess 2008,
Berghahn et al. 2012, Kreutzweiser et al. 2008, Kreutzweiser et al. 2009), few previous studies
have involved sampling streams adjacent to HWA treatments or sampling surface waters
otherwise contaminated with imidacloprid. Two previous studies found no effect on benthic
communities (Benton et al. 2017, Churchel et al. 2011), but our study did on the MNF.
Additional research is needed to determine why responses varied between MNF and NPS sites.
In addition, we did not assess crayfish populations in this study, but crayfish also are an
important part of riparian trophic webs (Paul and Simonin 2006), and we encourage future
research on effects of HWA treatments on crayfish. Continued research into community impacts
of imidacloprid on stream arthropods is warranted given their importance as prey for many taxa.
Imidacloprid is being applied widely on public lands and continual imidacloprid
application in forest systems will be needed to maintain ecosystem integrity until acceptable
alternatives to pesticides treatment are developed (Havill et al. 2014). The wide-spread usage of
neonicotinoids such as imidacloprid has raised concerns in recent years because of documented
non-target impacts to diverse taxa (e.g. Gibbons et al. 2015, Hallman et al. 2014). The primary
goal of our study was to assess the effects of imidacloprid application on benthic
macroinvertebrate communities. We detected negative effects of imidacloprid exposure on
multiple community metrics and differences in functional traits variation in MNF, and conclude
that the effects of imidacloprid on community metrics is occurring but may be variable
depending on location. We encourage managers to use caution when applying imidacloprid to
forest systems, especially when risk of leaching into streams is high.
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Figure 4-1. Locations of sampled streams within the Monongahela National Forest, New River
Gorge National River, and Gauley River National Recreation Area. West Virginia (inset), USA.
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Figure 4-2. Model-estimated predictions and 95% confidence intervals (CI) for (a) GLIMPSS,
(b) WVSCI, (c) % Chironomidae + Annelida, (d) % 5 Dominant Genera, and (e) % EPT and (f)
total biomass. Predictions shown are for sites in the Monongahela National Forest without
imidacloprid exposure (MNF-A; n = 8), Monongahela National Forest with imidacloprid
exposure (MNF-P; n = 16); sites in the National Park Service without imidacloprid exposure
(NPS-A; n = 6); and sites in the National Park Service with imidacloprid exposure (NPS-P; n =
17).
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Figure 4-3. Non-metric multidimensional scaling (NMDS) plot showing differences in functional
traits between sites exposed to environmental imidacloprid (present) and not exposed to
environmental imidacloprid (absent) in the Monongahela National Forest (a) and two units of
NPS in West Virginia (b). The presence and absence groups were not significantly different in
MNF (p = 0.93) or NPS (p = 0.31). Dispersal was significantly different between groups in MNF
(p < 0.05) but was not different between groups in NPS (p = 0.55).
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Figure 4-4. Non-metric multidimensional scaling (NMDS) plot showing differences in functional
traits between sites with treated trees (present) and without treated trees (absent) in the
Monongahela National Forest (a) and two units of NPS in West Virginia (b). The presence and
absence groups were not significantly different in MNF (p = 0.93) or NPS (p = 0.74). Dispersal
was not significantly different between groups in MNF (p = 0.74) or between groups in NPS (p =
0.37).
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Table 4-1. Model selection results for the influence of locality, presence of environmental
imidacloprid (Presence), presence of treated trees (Trees), number of imidacloprid applications
(Number), and imidacloprid concentration in the water (ng/mL; Concentration) on benthic
macroinvertebrate community metrics. We used Akaike’s Information Criterion corrected for
small sample size (AICc) to rank candidate models. The null model is shown as (.) and included
only the intercept. Akaike weights are represented as wi.
Model

Parameters

AICc

GLIMPSS
Locality x Presence
5
-4.30
Locality x Trees
5
-3.60
Locality
3
-3.34
(.)
2
-2.38
Locality + Presence
4
-2.27
Locality + Trees
4
-2.10
Locality x Concentration
5
-1.85
Locality + Number
4
-1.58
Locality + Concentration
4
-1.49
Locality x Number
5
-0.47
WVSCI
Locality x Presence
5
-61.29
(.)
2
-61.17
Locality
3
-60.25
Locality + Concentration
4
-59.85
Locality x Trees
5
-59.72
Locality x Concentration
5
-59.31
Locality + Trees
4
-58.15
Locality + Presence
4
-58.08
Locality + Number
4
-58.02
Locality x Number
5
-56.60
% Ephemeroptera + Plecoptera + Trichoptera
Locality
3
-19.47
(.)
2
-18.95
Locality + Concentration
4
-17.30
Locality + Trees
4
-17.28
Locality + Number
4
-17.07
Locality + Presence
4
-17.06
Locality x Trees
5
-15.69
Locality x Number
5
-15.51
Locality x Presence
5
-15.07
Locality x Concentration
5
-14.90
% Chironomidae + Annelida

∆AICc

R2

wi

2

0.00
0.70
0.96
1.92
2.03
2.20
2.45
2.72
2.81
3.82
0.00
0.12
1.04
1.44
1.57
1.98
3.14
3.21
3.27
4.69
0.00
0.52
2.17
2.19
2.41
2.41
3.78
3.97
4.40
4.57

Pseudo-R
0.28
0.23
0.09
NA
0.15
0.14
0.14
0.09
0.09
0.16
Pseudo-R2
0.18
NA
0.05
0.08
0.15
0.14
0.05
0.05
0.04
0.07
Pseudo-R2
0.08
NA
0.08
0.08
0.08
0.08
0.10
0.10
0.09
0.09
Pseudo-R2

0.23
0.16
0.14
0.09
0.08
0.08
0.07
0.06
0.06
0.03
0.22
0.21
0.13
0.11
0.10
0.08
0.05
0.04
0.04
0.02
0.28
0.22
0.10
0.09
0.08
0.08
0.04
0.04
0.03
0.03
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Locality x Presence
Locality x Trees
Locality + Presence
(.)
Locality + Trees
Locality
Locality + Concentration
Locality + Number
Locality x Number
Locality x Concentration
% 5 Dominant Genera
Locality x Presence
Locality x Trees
Locality + Presence
Locality x Number
Locality + Trees
Locality x Concentration
Locality
Locality + Concentration
Locality + Number
(.)
Genus Richness
Locality
Locality + Trees
Locality + Presence
Locality + Concentration
Locality + Number
(.)
Locality x Presence
Locality x Trees
Locality x Concentration
Locality x Number
Biomass
(.)
Locality x Presence
Locality
Locality x Trees
Locality + Trees
Locality + Presence
Locality + Number
Locality + Concentration
Locality x Number
Locality x Concentration

5
5
4
2
4
3
4
4
5
5

-196.54
-196.11
-193.08
192.63
-192.49
-191.39
-189.57
-189.56
-189.29
-188.42

0.00
0.43
3.46
3.91
4.05
5.15
6.97
6.98
7.25
8.12

5
5
4
5
4
5
3
4
4
2

-86.91
-79.15
-69.83
-67.40
-66.26
-61.24
-60.20
-58.21
-57.86
-51.88

0.00
7.76
17.08
19.51
20.65
25.67
26.70
28.70
29.05
35.03

3
4
4
4
4
2
5
5
5
5

344.32
346.10
346.11
346.6
346.64
347.22
347.26
347.69
348.29
348.78

0.00
1.79
1.80
2.29
2.33
2.91
2.94
3.38
3.98
4.46

2
5
3
5
4
4
4
4
5
5

307.56
308.17
309.21
309.69
311.05
311.23
311.45
311.55
313.67
314.05

0.00
0.62
1065
2.13
3.49
3.67
3.89
3.99
6.11
6.49

0.10
0.11
0.06
NA
0.05
0.02
0.03
0.03
0.05
0.04
Pseudo-R2
0.36
0.28
0.21
0.18
0.17
0.12
0.08
0.08
0.07
NA
Adj-R2
0.08
0.08
0.08
0.07
0.07
NA
0.08
0.07
0.06
0.05
Adj-R2
NA
0.07
-0.01
0.04
-0.02
-0.02
-0.03
-0.03
-0.05
-0.05

0.41
0.33
0.07
0.06
0.05
0.03
0.01
0.01
0.01
0.01
0.98
0.02
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.00
0.30
0.12
0.12
0.10
0.09
0.07
0.07
0.06
0.04
0.03
0.31
0.23
0.14
0.11
0.05
0.05
0.04
0.04
0.01
0.01
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Table 4-2. Parameter estimates (β) and standard errors (SE) for predictor variables for the most
parsimonious models (identified in Table 4-2) for each of seven community metrics.
Predictor

β

GLIMPSS
1.74
Locality x Presence
Locality
-1.87
Presence
-1.36
Intercept
1.86
WVSCI
Locality x Presence
1.15
Locality
-1.06
Presence
-0.65
Intercept
1.9
% Ephemeroptera + Plecoptera + Trichoptera
Locality
0.49
Concentration
0.002
Intercept
0.54
% Chironomidae + Annelida
Locality x Presence
1.6
Locality
-1.56
Presence
-1.53
Intercept
-1.05
% 5 Dominant Genera
Locality x Presence
2.69
Locality
-2.65
Presence
-2.33
Intercept
3.33
Genus Richness
Trees
-2.01
Locality
-6.14
Intercept
22.88
Biomass
Locality x Presence
8.88
Locality
-4.77
Presence
-5.21
Intercept
16.05

SE

95% CI

0.6
0.51
0.42
0.36

(0.57 –2.91)
(-2.87 – -0.86)
(-2.18 – -0.53)
(0.57 – 2.91)

0.47
0.39
0.34
0.29

(0.23 – 2.06)
(-1.83 – -0.29)
(-1.31 – -0.01)
(1.33 – 2.48)

0.29
0.01
0.22

(-0.07 – 1.05)
(-0.01 – 0.01)
(0.1 – 0.97)

0.65
0.55
0.43
0.34

(0.32 – 2.88)
(-2.63 – -0.49)
(-2.39 – -0.68)
(-1.72 – -0.38)

0.55
0.48
0.42
0.39

(1.61–3.78)
(-3.06 – -1.70)
(1.61–3.78)
(2.57 – 4.09)

2.66
2.64
2.41

(-7.36 – 3.34)
(-11.46 – -0.82)
(18.03 – 27.73)

3.82
3.21
2.57
2.1

(1.18 – 16.58)
(-11.24 – 1.70)
(-10.39 – -0.02)
(11.81 – 20.28)
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Appendix 4-1. Non-metric multidimensional scaling (NMDS) plots of benthic macroinvertebrate
genus abundances for each stream site. Abundances differed based on geographic location
between the Monongahela National Forest (MNF) and the NPS locations (Gauley River [GARI]
and New River Gorge [NERI]). Stress was 0.216. NPS and MNF sites were significantly
different (p = 0.002).
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Appendix 4-2. List of functional traits used to categorize benthic macroinvertebrate taxa for
functional traits analysis. Functional traits were assigned to each taxon using Poff et al. (2006),
the EPA database (U.S. EPA 2012) when appropriate, or the next most similar known taxa.
Semi-voltine
Univoltine
Non-seasonal development
Slow seasonal development
Poor synchronized dispersal
Well synchronized dispersal
Long life
Short life
Very short life
High dispersal
Low dispersal
Strong flyer
Weak flyer
Non-emergent
Common drifter
Rare drifter
High crawling activity
Low crawling activity
Very low crawling activity
Weak swimmer
Free ranging
No armor
Poor armor
Riffle and pool habitat
Riffle habitat
No desiccation ability
Desiccation ability
Non-streamlined
Streamlined
Size medium
Climbing activity
Clinging activity
Swimming activity
Cold water habitat
Cool-warm water habitat
Gilled breathing
Tegument breathing
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Appendix 4-3. Site-level values for imidacloprid and indices of biotic integrity used in analyses.
Site locations are in Table 1-1.
Site

Number of
Imidacloprid
Applications

Water
Imidacloprid
Concentration
(ng/mL)

Environmental
Imidacloprid

Total
Biomass

1

0

0

absent

11.13

2

149

11.28

present

8.5

3

17

0

present

225.1

4

138

121.43

present

152.36

5

0

0

absent

23.42

6

214

17.38

present

97.51

7

5

20.21

present

4.42

8

66

0

present

36.05

9

0

0

present

252.03

10

494

61.54

present

202.12

11

0

0

absent

537.04

12

76

12.79

present

35.51

13

0

0

absent

145.97

14

3993

0

present

221.44

15

0

0

absent

157.55

16

23

6.52

present

197.4

17

0

0

absent

99.48

18

52

0

present

48.89

19

5

0

absent

16.86

20

60

23.59

present

171.53

21

0

0

absent

197.27

22

60

82.46

present

354.32

23

0

0

absent

180.05

24

120

32.73

present

190.95

25

0

22.1

present

125.71

26

82

13.81

present

165.75

27

0

0

present

184.86

28

60

17.15

present

190.54

GLIMPSS

10.87
29.78
80.02
142.97
85.89
111.54
54.77
77.74
143.84
103.67
82.98
24.92
88.21
109.18
99.07
109.27
83.56
64.76
88.11
150.78
105.85
94.35
150.50
122.40
91.42
67.44
131.15
104.71

WVSCI

24.61
62.43
69.17
95.16
68.14
85.3
68.79
77.01
92.86
80.88
84.32
46.55
69.17
78.99
82.51
81.95
87.89
70.73
84.24
92.02
92.11
90.36
91.13
88.77
84.96
78.72
83.03
71.58

Genus
Richness

%EPT

%
Chironomidae
+ Annelida

2

27.27

72.73

100.00

6

66.67

21.21

0.97

9

92.19

6.25

0.92

21

92.25

2.11

0.66

11

69.23

0.00

0.82

14

90.57

3.77

0.74

4

100.00

0.00

1.00

8

100.00

0.00

0.67

26

92.75

0.48

0.77

17

80.73

1.56

0.90

17

92.13

3.93

0.83

6

16.67

0.00

0.97

12

94.41

0.56

0.96

16

81.30

0.81

0.89

22

58.24

3.53

0.72

19

79.69

4.69

0.69

16

83.87

8.06

0.61

12

93.18

2.27

0.84

16

81.63

6.12

0.65

37

78.30

13.19

0.64

21

82.76

3.45

0.55

19

86.99

4.88

0.72

23

71.43

5.29

0.49

19

55.00

2.86

0.61

15

91.04

1.49

0.63

11

78.57

3.57

0.64

27

65.33

27.48

0.72

23

35.40

47.20

0.66
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%5
Dominant
Taxa

29

0

10.68

present

749.29

30

169

0

present

810.57

31

0

0

absent

136

32

675

39.85

present

476.08

33

0

0

absent

331.96

34

34

0

present

231.19

35

0

0

absent

229.95

36

56

16.43

present

267.87

37

0

0

absent

224.2

38

47

13.28

present

41.64

39

0

12.01

present

169.24

40

42

15.68

present

615.26

41

0

10.93

present

96.62

42

762

20.31

present

247.38

43

0

8.12

present

63.69

44

237

489.55

present

3.03

45

0

0

absent

419.06

46

60

0

present

57.76

47

0

0

absent

488.97

48

120

116.04

present

130.03

116.37
109.33
135.40
149.74
121.19
143.29
159.27
142.38
152.47
85.16
68.06
92.83
107.17
103.41
31.64
37.27
138.90
80.51
160.37
106.55

79.94
76.11
88.62
91.63
93.67
92.49
84.03
86.48
89.89
45.24
78.84
91.05
91.71
94.6
44.81
33.21
91.21
60.59
94.2
83.36

19

81.77

3.65

0.80

18

89.88

1.31

0.93

24

88.50

2.56

0.82

27

90.57

2.69

0.79

31

70.34

6.21

0.54

30

77.71

4.22

0.61

43

57.70

20.10

0.69

34

64.62

21.45

0.68

39

61.54

15.02

0.59

22

2.68

38.13

0.96

11

91.84

2.04

0.82

20

86.60

4.12

0.65

20

93.18

0.00

0.66

18

91.50

0.00

0.71

6

21.43

50.00

0.86

1

0.00

0.00

1.00

1

0.00

0.00

1.00

22

32.60

39.50

0.88

27

78.88

12.75

0.50

21

63.16

6.22

0.77
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Appendix 4-4. Summary of means ± SE for seven indicators of benthic macroinvertebrate
community integrity for sites without environmental imidacloprid (absent; n = 8) and with
environmental imidacloprid (present; n=16) in the Monongahela National Forest (MNF) and for
sites without environmental imidacloprid (absent; n = 6) and with environmental imidacloprid
(present; n = 17) in the National Park Service sites (NPS). We defined sites as having
environmental imidacloprid if imidacloprid or its metabolites were detected in the water or
sediment, or if the stream was adjacent to HWA treatments.
MNF
Biomass (g)
WVSCI
GLIMPSS
Genus Richness
% EPT
% Chironomidae
+Annelida
% 5 Dominant Genera

NPS

absent (n=8)

present (n=16)

absent (n=7)

present (n=17)

271.37 ± 46.32

138.65 ± 24.90

168.52 ± 78.17

271.77 ± 59.05

90.51 ± 1.17

78.65 ± 3.19

134.02 ± 9.98

100.35 ± 7.49

69.56 ± 9.61
83.74 ± 16.57

78.94 ± 3.75
96.10 ± 9.28

25.13 ± 4.70

20.00 ± 2.73

14.67 ± 3.30

16.06 ± 1.58

63.32 ± 9.64

69.14 ± 6.72

71.63 ± 10.61

78.80 ± 5.71

8.86 ± 2.34

13.66 ± 3.97

13.88 ± 11.79

6.16 ± 2.99

62.29 ± 5.83

73.06 ± 3.13

85.7 ± 4.21

80.64 ± 2.69
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Appendix 4-5. Scatterplots comparing seven community indices to water imidacloprid
concentration (ng/mL) for 48 sites sampled on MNF and NPS.
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Appendix 4-6. Scatterplots comparing seven community indices to number of imidacloprid
applications for 48 sites sampled on MNF and NPS.
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